
 

 

 
 

ABSTRACT 
 
 

Comparative Toxicity Evaluations for Polybrominated Diphenyl Ethers (PBDEs): 
Investigation of Developmental Toxicity, Uptake and Mechanisms of Action in 

Embryonic Zebrafish (Danio rerio) 

Crystal Y. Usenko, Ph. D. 

Mentor: Erica D. Bruce, Ph.D. 

 
 Recently, polybrominated diphenyl ethers (PBDEs) were banned due to extensive 

environmental contamination and potential health effects.  There is little understanding of 

the comparative toxicity of individual congeners.  Seven congeners were selected over a 

wide-range of physical-chemical properties for investigation into relative toxicity, uptake, 

and mechanisms/modes of action.  Based on the occurrences in environmental and human 

samples, BDE 28, 47, 99, 100, 153, 183, and 209 were chosen for evaluations, using 

embryonic zebrafish as the model organism.  Exposure to PBDEs disrupted behavior 

during different windows of development, as well as induced curved body malformations 

and mortality over the exposure period from 6-168 hours post fertilization (hpf).  There 

was a direct correlation between log Kow and the toxicity of the compounds as well as 

their subsequent uptake in embryos.  In addition to uptake, metabolites and potential 

metabolic pathways were investigated.  Several genes were assessed to elucidate the 

primary pathway of metabolism for different congeners.  Several genes were significantly 

upregulated following exposure to most congeners (i.e. deiodinase 1 and 2, CYP1A1, 



CYP1B1, and CYP3A1), with the exception of BDE 153.  Interestingly, BDE 153 also 

had the greatest amount of debromination.  The analysis of phase II metabolism pathways 

demonstrated that UGT5g was significantly upregulated following exposure to all 

congeners.  Two pathways were further investigated for BDE 28, 47, 99, and 100: 

oxidative stress and thyroid disruption.  There was not a significant oxidative stress-

related response for any of the treatments until 120 hpf, where we observed upregulation.  

We concluded that oxidative stress was not a primary pathway of toxicity for these 

congeners.  Further analysis demonstrated that the adverse effects observed in zebrafish 

are most likely due to disruption of thyroid hormone homeostasis.  In addition to 

metabolism, the toxicity of three hydroxylated metabolites was assessed, with very 

different responses to exposure than the parent congeners.  Individual congeners did not 

appear to act through different mechanisms/modes of action; however the actual dose was 

a primary determinant in the toxicity of PBDEs. 
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CHAPTER ONE 

Introduction 

 

 

 The control and suppression of fires has been of concern for many years.  Flame 

retardants were developed to reduce the likelihood of combustion and delay the ignition 

time of electronics and other consumer products.  Eventually many of these compounds 

were found to be persistent, bioaccumulative, and toxic.  The result was the banning of 

chemicals such as tris(1,3-dichloro-2-propyl)phosphate and the entire class of 

polychlorinated biphenyls (PCBs) [1, 2].  These compounds were then replaced with 

polybrominated diphenyl ethers (PBDEs) and other flame retardants, with new and 

unknown physical-chemical properties and biological activities.   

 PBDEs are characterized by two phenyl rings interconnected by an ether linkage.  

There are 209 different congeners, spanning a wide-variety of chemical-physical 

properties.  These compounds were used in the consumer products, such as furniture, 

upholstery, carpeting, and electronics [3].  PBDEs are not covalently bound to the 

product; therefore they are slowly released over time into the environment [3]. 

 One benefit of PBDEs was the ether bond which decreased the toxicity of PBDEs 

compared to PCBs because it increased the flexibility of the compound, since the co-

planar PCBs were identified as the congeners with the greatest toxicity and ability to bind 

the aryl hydrocarbon receptor [4].  However, by moving from chlorinated compounds to 

brominated compounds, the environmental persistence did not decrease, and the long 

term effects were unknown.  Despite years of research on PCBs, there has been limited 
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understanding of how the differences in physical-chemical properties affect the biological 

interactions of PBDEs.   

 Since PBDEs are not covalently bound in the product they are used in, they are 

released into the environment over time.  In most cases, PBDEs are released in indoor 

environments, leading to concerning concentrations in house dust [5].  Studies have also 

demonstrated that PBDEs are semi-volatile contaminants, capable of undergoing long-

range transport to high altitude locations and polar regions [6, 7].  PBDEs have been 

identified in wildlife and fish in the artic and remote lakes in National Parks [8, 9].  Of 

particular concern, increasing levels have been identified in breast milk of women 

throughout the United States and around the world [10, 11].  In fact, some studies have 

estimated that lipid concentrations in the US are 10-fold higher than the rest of the world 

[12].  The increased concentrations in the US are most likely due to the policies and the 

high usage rates of PBDEs compared to Europe. 

 According to California’s Technical Bulletin 117 (TB117), all polyurethane 

foams in upholstered furniture must be able to withstand exposure to a small open flame 

for 12 seconds [13].  In order for this requirement to be met, a large volume of PBDEs 

were added to the products to increase the ignition time.  Until 2003, penta-BDE was one 

of the primary flame retardants used in most consumer products.  In 2004, penta-BDE 

was banned by the European Union and eight states, and voluntarily phased out by 

Chemtura, the sole producer in the United States [14].  By 2008, the octa-BDE mixture 

was also banned or phased out, leaving only deca-BDE still in production [15].   

 Despite the regulatory requirement, one study found that there was no difference 

in peak heat release rate between flame retardant-treated furniture and untreated furniture 
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[16].  The addition of pentaBDE to foam did provide a 2-3 second delay in ignition time 

and a small decrease in heat release rate; however foam with pentaBDE did generate 

much more smoke, carbon monoxide, and soot [17].  Most fire-related deaths and injuries 

are a result from inhalation of carbon monoxide and toxic gases—not from the fire itself; 

therefore, the addition of PBDEs may have increased the risks associated with fire 

exposure rather than offer protection. 

 PBDEs have been linked to a variety of health concerns.  Due to the high 

incidence of PBDEs in breast milk and cord blood, there is concern that PBDEs may 

disrupt development [18, 19] with possible  long-term effects.  Furthermore, the 

structural similarity between PBDEs and thyroxine has also raised concern that these 

compounds may disrupt thyroid hormone homeostasis [20-22].  Other potential adverse 

effects of PBDE exposure include oxidative stress, immunotoxicity, and endocrine 

disruption [23-27]. 

 Further complicating the issues with PBDEs is their degradation and metabolism 

in the environment.  PBDEs can debrominate through metabolic and photolytic processes 

to congeners with fewer bromines [28, 29].  Additionally, PBDEs can be metabolized 

forming hydroxylated and methoxylated metabolites [30, 31].  The hydroxylated 

metabolites have been found to alter calcium signaling at lower concentrations than the 

parent compound.  With increasing environmental and human concentrations of these 

metabolites, there is increasing concern regarding the potential toxicity and mechanisms 

of action. 

 The purpose of this study was to determine the relative toxicities and biological 

interactions of a wide-range of environmentally-relevant PBDEs.  With 209 different 
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congeners, we expect a wide range of biological effects associated with exposures to 

these compounds.  Furthermore, the rate of uptake would also influence any observed 

toxicity.  Since the selected congeners cover a range of physical-chemical properties, the 

question becomes whether the toxicity is due to bioavailability or to biological 

interaction?  In addition, how does metabolism affect the toxicity of the congener?  For 

the most part, PBDEs are debrominated, but in the cases where hydroxylation occurs, it is 

important to define the responses of those compounds.  Finally, we explore two of the 

proposed modes of action: oxidative stress and thyroid hormone disruption.  
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CHAPTER TWO 

PBDE Developmental Effects on Embryonic Zebrafish 

This chapter published as: Usenko CY, Robinson EM, Usenko S, Brooks BW, and Bruce 

ED. 2011.  PBDE congener-specific effects on embryonic zebrafish development.  

Environ. Toxicol. Chem., 30; 1865–1872. 

 

 

Abstract 

 Polybrominated diphenyl ethers (PBDEs) have become ubiquitous environmental 

contaminants with potential for bioaccumulation and maternal-fetal transfer that has led 

to regulatory bans and/or phasing out of several technical mixtures of PBDEs.  In the 

present study, six PBDE congeners were evaluated for developmental effects on 

embryonic zebrafish: BDE 28, BDE 47, BDE 99, BDE 100, BDE 153, and BDE 183.  

These congeners were chosen because they are environmentally relevant and they cover a 

wide range of physical-chemical properties.  Alterations in behavior, physical 

malformations and mortality were scored daily until 168 hours post fertilization (hpf).  A 

concentration dependent increase in spontaneous movement indicated an early onset of 

behavioral responses to PBDE exposures.  Spontaneous movement was affected the most 

by BDE 47 and BDE 28, whereas BDE 183 did not alter behavior at any concentration 

tested.  Swimming rates were significantly increased by BDE 28 at 96 and 120 hpf, but 

decreased swimming activity at 168 hpf.  Additionally, BDE 47 significantly decreased 

the swimming rate at 168 hpf.  Other endpoints included malformations and mortality.  

Congeners with fewer bromines (BDE 28, 47, 99, and 100) also induced a curved body 

axis starting around 120 hpf, which was followed by mortality.  BDEs 153 and 183, 

however, did not elicit these adverse effects.  A relationship was found between log Kow 



6 
 

and median lethal concentration (LC50) and median effective concentration (EC50).  

Structure-activity relationships in this study suggest that PBDE acute toxicity results 

from a receptor-mediated effect and further studies are necessary to determine these 

pathways. 

 

Introduction 

 Polybrominated diphenyl ethers (PBDEs) are high production volume flame 

retardants that have been commonly used in products such as furniture foams, electronics, 

and textiles.  The PBDEs were manufactured for commercial use in three technical 

mixtures: penta, octa, and deca-BDE.  As a result of usage over the last thirty years, 

PBDE concentrations in environmental matrices and human samples have been rising.  In 

2004, the European Union banned and the sole producer in the United States voluntarily 

ceased production of penta- and octa-BDEs technical mixtures.  Though human 

concentrations vary based on residential location and occupation, PBDE concentrations 

are often higher in children than in adults [32, 33].  The majority of PBDE exposure 

occurs by inhalation of dust [34, 35] and ingestion of contaminated food [36, 37]. 

 Of particular concern are the elevated PBDE levels reported in human breast milk 

and cord blood, and thus the potential for adverse effects on development [38, 39].  The 

PBDEs have specifically been implicated as potential neurodevelopmental toxicants [40, 

41].  For example, rats exposed to BDE 99 had decreased density of muscarinic 

cholinergic receptors in the hippocampus [42].  Other potential mechanisms of action 

include oxidative stress and alteration of thyroid hormone homeostasis [43-45].  Thyroid 

hormones play an essential role in the development of the central nervous system, and 
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disruption of this process could result in altered central nervous system activity and 

function [46].  

There have been numerous studies regarding the metabolism of PBDEs in 

different fish species [47-49]; however most previous studies regarding the effects of 

PBDEs in fish have primarily focused on BDE 47 and the technical penta-mixture, DE-

71.  Adult fish exposed to BDE 47 had a lower activity rate, although this was not 

statistically significant compared to solvent vehicle controls [50].  During development, 

BDE 47 and DE-71 delayed hatch in zebrafish and killifish [51].  To date, PBDE studies 

have not found a histopathological effect in adult fish.  Several studies in fish have also 

evaluated alterations in gene expression following exposure to BDE 47 or to DE-71, 

primarily focusing on genes related to the hypothalamic-pituitary-thyroid axis [45, 52, 

53]. 

Due to the concerns for potential developmental disruption and multiple proposed 

mechanisms of action, a whole organism model was chosen for the present study.  If 

PBDEs alter highly coordinated developmental processes, it is expected that 

developmental progression will result in malformations, mortality, or alterations in 

behavior.  Zebrafish (Danio rerio) develop rapidly, with the majority of organogenesis 

complete within 30 hours post fertilization (hpf).  Breeding pairs can produce several 

hundred embryos per spawn, allowing for more statistically robust results.  Embryos are 

translucent for the first week of development.  For these reasons, zebrafish have become 

an excepted model for Europe Union’s regulatory testing under the Registration, 

Evaluation, Authorization, and Restriction of Chemicals and for pharmaceutical, 

chemical, and nanomaterial screening [54-56].  Additionally, zebrafish are an established 
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model for early behavioral assessment.  There are three stages of behavior during the first 

week following fertilization: spontaneous coiling contractions (spontaneous movement), 

touch response, and swimming [57].  Recently, larval zebrafish have been used in 

behavior studies to assess alterations in swimming behavior as a sublethal measure of 

effect [58-60].  

In the present study, six of the most environmentally relevant PBDE congeners 

were individually evaluated for adverse effects in embryonic zebrafish [61, 62].  The 

PBDE congeners ranging from tri- to hepta- were evaluated for developmental 

abnormalities and mortality in zebrafish: BDE 28 (tri-), BDE 47 (tetra-), BDE 99 and 

BDE 100 (penta-), BDE 153 (hexa-), and BDE 183 (hepta-).  Spontaneous movement 

during early development and swimming rate behaviors were also evaluated and 

compared to their log Kow (the octanol-water partitioning coefficient) values. 

 

Methods 

 

Fish Husbandry 

Wild-type (Tropical 5D) zebrafish were obtained from stocks at Oregon State 

University, Corvallis, OR, USA.  All adult fish were kept at 28°C on a 16:8 light/dark 

photoperiod in a recirculating system according to standard zebrafish protocols [63].  

Deionized water was supplemented with 0.6% Instant Ocean™ (Aquatic Ecosystems, 

Apopka, FL) to raise the conductivity to approximately 500 µS/cm and a pH of 7.0.  The 

fish were fed twice daily with Artemia salina, which was supplemented with zebrafish 

diet food (Ziegler, Aquatic Habitats, Apopka, FL).  Zebrafish were spawned in tanks and 

embryos collected in the morning within 2 hours after the lights had turned on.  
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Chemicals and Materials 

 All chemicals, standards, and solvents were purchased from commercial vendors.  

The PBDE and PCB standards were purchased from AccuStandard (New Haven, CT) and 

stored at room temperature or at 4°C in accordance with manufacture’s 

recommendations.  Individual standards were all ≥ 99.0% purity.  Sodium sulfate 

(granular 12-60 mesh) and solvents were American Chemical Society grade.  Sodium 

sulfate was baked at 500°C for 12 hours and allowed to cool back to room temperature 

prior to use.  Polychlorinated biphenyl (PCB) 157 was used as a surrogate and PCB 167 

was used as the internal standard in the analysis of water concentrations.    

 

PBDE Exposure Experiments 

PBDE stock solutions were prepared by dissolving neat standards in 100% 

dimethyl sulfoxide ([DMSO], Sigma, St. Louis, MO, USA).  Exposure solutions were 

prepared via serial dilution from stock solutions with culture water with 0.5% DMSO.  

Solvent controls were used for all studies and there were no observed adverse effects at 

concentrations up to 0.5% DMSO.  

Prior to exposure, embryos were dechorionated using 0.5 mg/ml protease E 

(Sigma, St. Louis, MO, USA) at 6 hpf.  The chorion was removed prior to exposure to 

ensure that it did not inhibit uptake of PBDEs [64].  To determine the concentration-

response of each PBDE congener, zebrafish embryos were exposed to five concentrations 

of each congener from 6 hpf until 168 hpf.  Exposure solutions were prepared based on 

nominal calculations for 20 mg/L, then serial diluted to make 10, 5, 2.5, and 0.635 mg/L.  

For all experiments, 12 replicates of each treatment level were used.  Exposure solutions 

were added to wells of a 48-well plate, and then five embryos were added to each well.  
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Due to the low solubility of these compounds, the water concentrations were analytically 

quantified as described below.  Embryos were exposed in 48 well plates, with 5 

embryos/well in 0.5 ml of exposure water.  Exposures were completed in a light-

controlled incubator on a 14:10 light/dark cycle at 28°C.  Embryos were evaluated daily 

for mortality and malformations.  

 

Analytical Analysis of Exposure Solutions 

 Initial water concentrations were determined for all exposure solutions including 

solvent controls using a simple liquid-liquid extraction technique.  The extraction 

consisted of taking 10 µl of exposure solution and adding it to an amber gas 

chromatography vial containing 500 µl of hexane and approximately 15 mg sodium 

sulfate.  Immediately following extraction, 10 µl of 2.3 ng/µl hexane-surrogate solution 

(PCB 157) was spiked in the extract, water was removed using sodium sulfate, while the 

PBDEs partitioned to the hexane.  Water samples were taken within approximately 5 

minutes of initiating embryo exposures.  This was followed by 10 µl of 2.3 ng/µl hexane-

internal standard solution (PCB 167).  Method development was conducted using 

solvent-solvent extraction to ensure that loss did not occur during the extraction 

procedure before the surrogate was added to the sample. 

The analysis of the PBDE water concentrations was performed using gas 

chromatography-mass spectrometry (GC/MS) on an Agilent 7890 GC coupled to an 

Agilent 5975 MS in electron capture negative ionization mode with selective ion 

monitoring.  One microliter of a 500 µl extract was injected using an Agilent 7683 

Injector in a pulsed splitless mode (pulse at 20 psi until 0.74 minutes).  The injection port 

was set to 300°C.  Chromatographic separation was performed using DB-5 ms capillary 
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column (J&W Scientific, 30m x 0.25 mm internal diameter; 0.25 µm film thickness).  

Helium (99.999%) was used as the carrier gas, while methane (99.999%) was used a 

buffer gas.  The initial oven temperature was 100°C, held for 2 minutes, ramped at 

15°C/min to 220°C, ramped at 4°C/min to 285°C, ramped at 1°C/min to 290°C and held 

for 1 minute for a total run time of 32.25 minutes.  The ion source and quadrupole mass 

analyzer temperature were both set to 150°C.  Target analytes were identified using 

retention times (±0.05 min) as well as quantitation and qualification ion ratios (±20%).  

Ion 79 m/z was used as the quantification ion for all PBDEs.  The PBDE concentrations 

were surrogate recovery corrected.  The surrogate recoveries ranged from 85-128%.  

Treatment level extracts including controls were analyzed in batches.  Control extracts 

were used as method blanks.  A calibration curve check standard was run before and after 

each batch to validate the integrity of the calibration curve.  

 

Spontaneous Movement Evaluations 

At 24 hpf, embryos were evaluated for spontaneous movement.  Spontaneous 

movement is the spontaneous coiling and flexing motion embryos exhibit from 18-30 

hpf.  At 24 hpf, each well containing 5 embryos was digitally recorded for 30 seconds, 

and the mean number of bends per fish per minute for each well was determined.  The 

rate of spontaneous movement for each treatment was compared over their concentration 

gradients. 

 

Swimming Behavior Assessment 

 The highest concentration of each PBDE congener was evaluated for effects on 

behavior.  Embryos from each experimental treatment were evaluated at 96, 120, 144, 
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and 168 hpf to evaluate the changes in behavior over time.  One hour prior to evaluation, 

a fish was removed from each experimental unit and placed in a well with clean water so 

that there was only one embryo per well in a 48-well plate.  The fish were allowed to 

acclimate for 1 hour, and then were video recorded for 5 minutes.  EthoVision XT 

(Noldus Information Technology, Wageningen, Netherlands) software was used to 

evaluate videos for swimming distance.  Minutes 2, 3, and 4 of the recording were used 

in calculations.  An n=12 was used for all treatment levels and controls. 

 

Statistical Analysis 

Controls and treatment levels were compared using one way analysis of variance 

with Dunnett’s pairwise test to determine significance (p<0.05).  LC50 values and EC50 

were estimated using SigmaPlot 11.0 (Systat Software, Inc., San Jose, CA), with a best fit 

second-order regression line for each of the concentration-response curves.  The resulting 

R
2
 values ranged from 0.91 to 0.997, and the LC50 or EC50 was determined from the 

analysis of the results. 

 

Results 

 

Analytical Quantification of Exposure Solutions 

The spiked PBDE water concentrations in this study were above their known 

water solubilities.  Therefore, nominal exposure solution concentrations were analytically 

quantified in triplicate.  Exposure solutions ranged from 49.1% to 106% [BDE 28 

(93±4.94%), BDE 47 (106±7.78%), BDE 99 (69.2±10.8%), BDE 100 (89.12±15.7%), 

BDE 153 (70.13±9.37%), and BDE 183 (49.1±3.30%)] of the nominal concentrations 

when normalized to measured stock solution concentrations.  Due to solubility issues, the 
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measured concentrations were reported rather than nominal concentrations.  The low 

recoveries for BDE 183 are most likely due to its low water solubility.  

 

BDE-Elicited Adverse Effects 

 Six PBDE congeners were evaluated individually in embryonic zebrafish for 

adverse effects, such as mortality and malformations.  The lower brominated congeners 

(BDEs 28, 47, 99, and 100) induced mortality whereas the higher brominated congeners 

(BDEs 153 and 183) did not induce mortality at any concentration tested (Fig. 1A).  The 

LC50 values for BDE 28, 47, 99 and 100 were 3.6, 4.2, 5.2, and 8.4 mg/L, respectively 

(Table 1).  When comparing measured log Kow to LC50 calculated in the present study a 

trend was observed which may indicate that lower brominated congeners elicited a 

greater effect at the lowest concentrations [65].  Due to the lack of any mortality for 

BDEs 153 and 183 at any concentration tested, LC50 values could not be calculated and 

were at least greater than 11.7 and 8.4 mg/L, respectively.  

Malformations such as curved body axis and pericardial edema were observed in 

embryos exposed to BDEs 28, 47, 99, and 100 (Fig. 1B and D).  Pericardial edema was 

induced by BDE 28 at 4.5 mg/L in 60% of embryos; however, no other PBDE congener 

tested induced pericardial edema (Fig. 1B).  A curved body axis was induced in embryo 

exposed to concentrations of 2.25 mg/L and higher of BDE 28 and BDE 47 (Fig. 1B), 

though similar responses were not observed for BDEs 153 and 183.  At 120 hpf, a control 

liver is a bright yellow, however, darkening of the liver was only observed in embryos 

exposed to BDE 28 at the end of the 7 day exposure (Fig. 1C and D).  Developmental  

progression was also assessed and staged according to Kimmel et al.[66].  No delay in 

development was observed at any of the time points assessed (data not shown). 



14 
 

 (A) 

 
(B) 

 
 

(C)          (D) 

 

 

 

 

 

Figure 1. Concentration-response of individual polybrominated diphenyl ethers (PBDEs) 

in zebrafish resulting in mortality and malformations.  (A) Mean (±Standard Error (SE), 

n=12) cumulative percent zebrafish embryo mortality (%) and (B) mean (±SE, n=12) 

cumulative percent (%) zebrafish embryo with a curved body axis following 7 d exposure 

to five measured concentrations of six PBDE congeners.  (C) Example of a control 

embryo at 120 hours post fertilization (hpf).  (D) Example of a BDE 28 exposed embryo 

at 120 hpf, with a curved body axis.  *: p < 0.05. 
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Table 1.  Polybrominated diphenyl ether (PBDE) congener structures, associated log Kow 

values, and zebrafish LC50 and EC50 point estimates from the present study. 
 

Congener Structure
a 

Log 

Kow
b 

LC50 
c 

(mg/L) 

EC50
d
 

(mg/L) 

BDE 28 
O

Br Br

Br

2,4,4'-tribromodiphenyl ether  

5.94 

 

3.6 2.5 

BDE 47 
O

Br BrBr

Br

2,2',4,4'-tetrabromodiphenyl ether  

6.81 

 

4.2 3.5 

BDE 99 
O

Br

Br BrBr

Br

2,2',4,4',5-pentabromodiphenyl ether  

7.32 5.2 5.2 

BDE 100 
O

BrBr Br

Br Br

2,2',4,4',6-pentabromodiphenyl ether  

7.24 8.4 8.4 

BDE 153 
OBr

Br

Br BrBr

Br

2,2',4,4',5,5'-hexabromodiphenyl ether  

7.90 -- -- 

BDE 183 

O

Br

Br

BrBr

Br

BrBr

2,2',3,4,4',5',6-heptabromodiphenyl ether  

8.27 -- -- 

 

a
Structures made by ChemDraw 

b
Log Kow is the octanol-water partitioning coefficient.  Log Kow values cited from [65].  

c
Lethal concentration at which 50% of the organisms exposed to die (LC50). 

d
Effective concentration at which 50% of the organisms exposed exhibit an adverse effect 

(EC50).  The EC50 was calculated for the most sensitive endpoint which was curved 

body malformation in BDE 28 and BDE 47 exposures and mortality in BDE 99 and BDE 

100 exposures. 
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 The stages of development at which mortality and malformations were 

statistically significant from controls (p<0.05) were 144 to 168 hpf and 72 to 168 hpf, 

respectively (Table 2).  The first malformation to be apparent in BDE 47 embryos was 

curved body axis at 120 hpf (Table 2).  Mortality was induced by BDE 47 beginning at 

144 hpf, resulting in 100% mortality for concentrations ≥6.58 mg/L at 168 hpf; however, 

BDE 28 significantly induced a curved body axis beginning at 72 hpf (18 mg/L), two 

days before adverse effects were elicited by BDE 47.  Mortality was observed for BDE 

28 and 47-exposed embryos at 144 hpf.  Adverse effects (both mortality and 

malformations) were not observed in either BDE 99 or BDE 100-exposed embryos until 

168 hpf (Table 2). 

 

Table 2.  Lowest observed effect concentrations (p<0.05) and time of onset of observed 

effects.  Hpf = hours post fertilization.  Only brominated diphenyl ether (BDE) congeners 

with observed effects are listed. 

 

Congener 

Concentration 

(mg/L) 

Age at 

mortality 

(hpf) 

Age at 

malformation 

(hpf) 

BDE 28 18.04 144 72 

BDE 47 26.33 144 120 

BDE 99 13.05 168 168 

BDE 100 16.86 168 168 

 

 

 There was not a statistically significant decrease in swim bladder inflation for any 

of the PBDEs tested (data not shown).  Swim bladder inflation is often used as a marker 

of delayed development; however there was not a statistically significant difference from 

controls for any of the congeners at any concentration.  The combination of the inflated 

swim bladder combined with the curved body axis made it difficult for the embryos to 
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stay upright.  Furthermore, hyperactivity was observed in fish that had a curved body and 

an inflated swim bladder. 

 

Alterations in Behavior 

 Spontaneous movement is an early response that can be indicative of 

developmental perturbation most likely to the nervous system.  The rate of body flexes of 

the embryo increased in a concentration-dependent manner compared to controls for all 

PBDE congeners, except for BDE 183 (Fig. 2).  Tri- and tetra-BDE congeners examined 

in this study (BDE 28 and BDE 47) had greater increases in spontaneous movement than 

the higher brominated congeners, such as BDE 153.  At the highest concentrations tested, 

BDE 28 and BDE 47 more than doubled the rate of spontaneous movement (Fig. 2A).  

Spontaneous movement was significantly increased at all concentrations of BDE 28 and 

BDE 47 except at the lowest concentration tested.  Spontaneous movement was 

significantly increased by BDEs 99, 100, and 153 only at the highest exposure 

concentrations tested (13.0, 16.8, and 11.7 mg/L respectively).  BDE 183 did not increase 

spontaneous movement even at the highest treatment level (8.35 mg/L). 

Swimming behavior was analyzed in fish exposed to 20 ppm (nominal) 

concentrations of each of the PBDE congeners.  Swimming behavior in the controls 

increased daily (96-168 hpf) (Fig. 3A).  At 96 hpf, there was very little movement in 

controls or any treated animals with the exception of BDE 28 exposed fish. This 

hyperactivity in BDE 28-exposed continued to 120 hpf, but had similar swimming rates 

as controls at 144 hpf (Fig. 3).  At 168 hpf, swimming rates of BDE 28 and BDE 47-

exposed fish were significantly lower than the control organisms (p<0.05).  BDE 47 had 

similar swimming rates as controls until 168 hpf, when the activity significantly  
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Figure 2.  Spontaneous movement of zebrafish at 24 hours post fertilization following 

exposure to a concentration gradient of individual polybrominated diphenyl ether 

congeners.  Mean (±SE, n=12) (A) BDE 28 and BDE 47; (B)BDE 99 and BDE; and (C) 

BDE 153 and BDE 183. *: p < 0.05.  
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decreased (Fig. 3).  Other congeners did not significantly affect (p>0.05) swimming 

activity at even the highest concentrations tested (data not shown).  Although there was 

high mortality in BDE 28 and BDE 47 experiments at 168 hpf, only embryos that were 

still alive (beating heart) were used in the present study. 

 

 

Figure 3.  Swimming rate over time of exposed and control zebrafish.  Mean (±SE, n=12) 

swimming rate (mm/min) for 18 and 26 mg/L treatment levels of polybrominated 

diphenyl ether congeners 28 and 47, respectively, at 96, 120, 144 and168 hours post 

fertilization.  *: p < 0.05. 

 

 

Discussion 

The objective of this study was to perform a novel examination of developmental 

effects of PBDE on the zebrafish embryo model.  For the six PBDE congeners examined 

in this study a positive relationship was found between log Kow and LC50.  Results from 

this study demonstrate that PBDE exposure during early development can cause 

developmental malformations, changes in behavior, and mortality at concentrations of 2.5 

mg/L and higher depending on the congener.  Congeners with fewer bromines elicited the 
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greatest effects, while highly brominated congeners did not elicit an observable effect 

even at concentrations up to 10 mg/L. 

Embryos were most sensitive to BDE 28 and 47 exposures, both inducing a 

curved body axis in embryos and eventually mortality.  The effects observed with BDE 

47 exposures developed later than those observed with BDE 28.  Lema et al. found 

similar results for BDE 47, where zebrafish exposed to BDE 47 had curved body axis 

[67].  This malformation was initially observed at 72 and 120 hpf, respectively, and 

mortality did not occur until 144 hpf.  In a study by Lema et al., body curvature was 

observed beginning at 72 hpf [67].  Static exposures were used in the current study, 

however in the Lema study, water exposures were renewed daily, thus direct comparisons 

between concentrations cannot be made, but overall effects are similar [67].  

 Both BDE 99 and 100 are penta congeners with a positional shift of one of the 

bromine atom from the para- to the ortho-position.  To our current knowledge, these 

congeners have not been studied in developing fish for comparison.  Overall, both 

induced similar malformations and mortality rates (Fig. 1); however, BDE 99 had a 

greater rate of mortality at 13 mg/L than BDE 100.  Both congeners also significantly 

increased curved body axis at 6.5 mg/L BDE 99 and 8.5 mg/L BDE 100.  While BDE 

100 had greater rates of curved body axis at the highest concentration tested, this is likely 

due to the increased rates of survival at higher concentrations compared to BDE 99.  By 

moving the bromine in the para- position of BDE 99 to the ortho- position forming BDE 

100, resulted in a slight shift in the toxicity that may indicate a structure-activity 

relationship.  Although malformations were present in some of the embryos exposed to 

the highest concentrations of BDE 99 and BDE 100, mortality was more prevalent than 
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malformations and thus may be a more sensitive endpoint at this stage of development for 

these two congeners.  Adverse effects (mortality and malformations) were not observed 

until the last day of exposure (168 hpf).  As a result, the calculated EC50 for BDE 99 and 

100 were equal to their LC50 values.   

The later development of malformations indicates that the embryos are sensitive 

to PBDE exposure later during development.  In zebrafish, the thyroid follicles begin to 

develop between 96 and 120 hpf [68].  Zebrafish exposed to other types of goitrogens 

have not had similar malformations, although directly relating a particular malformation 

with a specific mechanism of action is rarely made.  The type and timing of malformation 

indicate that the fish were undergoing stress during a sensitive point in development. 

 While this study examined the toxicity of individual congeners, other studies have 

focused on the technical mixtures.  Exposure to the penta-mixture was previously found 

to decrease survival and increase malformation rates in 14 dpf zebrafish exposed to 10 

µg/L [53].  Concentrations at which they observed adverse effects was an order of 

magnitude lower than in the present study; however the exposure period was twice as 

long using daily renewals [53]. 

There are three common early behavioral responses that can be characterized in 

zebrafish: spontaneous movement, touch response, and swimming.  Spontaneous 

movement has been extensively studied in zebrafish and is suspected to play a role in 

hatching.  Spontaneous movement is first observed at 17 hpf, which correlates to the time 

at which primary motor neurons start innervating the muscle [57].  Studies have 

demonstrated that the three types of primary neurons are responsible for the spontaneous 

coiling, even though secondary neurons are present (as reviewed by [69]).  According to 
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previous research, alteration of this behavior is most likely due to changes in electrical 

coupling, however due to the stage of development for the test animals (24 hpf), it may 

also be related to glutamateric transmission [69].  Further research in this area is 

necessary to determine the neurophysiological effects of PBDEs during early 

development.  Similar effects have not been noted in other fish assays; however, similar 

alterations in spontaneous movement have been reported in mammalian models exposed 

to PBDEs [42, 70]. 

At later time points in the experiments, swimming behavior was altered in the 

BDE 28 and BDE 47-exposed embryos.  Fish exposed to BDE 28 exhibited hyperactivity 

at the same time the curved body axis became evident.  Swimming behavior appears with 

further development of the neuronal system, and is controlled by multiple neuron types, 

such as glutamatergic and serotenergic [69].  Disruption of the signaling of one of these 

neurons could be responsible for the alterations in swimming behavior at 120 hpf in fish 

exposed to BDE 28.  The increase in swimming activity could also be due to discomfort 

of the curved body and inflation of the swim bladder.  Additionally, alterations in 

behavior may potentially be due to disruption of thyroid hormones, since thyroid 

hormones play a vital role in the development of the cholinergic system [71].  

In this study, water concentrations were determined at the beginning of the 

experiment.  Often in toxicity testing only the nominal concentrations are reported, while 

the chemical is significantly above the solubility limit.  It is assumed that while the 

starting concentrations were measured, over time the concentration would decrease due to 

uptake into the organism and adsorption to the 48-well plate.  Renewals are often done to 

try to keep the water concentration more consistent; however, by performing renewals, 



23 
 

there is potential for the fish to take up a greater, and often unknown, amount of the 

PBDE.  Discrepancies between renewals and single static exposure can cause uncertainty 

in comparing one study to another and determining acceptable concentrations for use in 

risk assessments.  To overcome the discrepancies in concentration-responses between 

static and renewal exposures, it is necessary to analytically verify water and tissue 

concentrations. 

 The purpose of the present study was to assess the biological interaction of 

different PBDEs as a foundation for future work which will investigate mechanisms of 

action.  For the present study, the chorion was removed prior to exposure in order to 

ensure that it was not a barrier for PBDE uptake.  By ensuring the chorion did not protect 

the embryo, the biological interaction could be assessed.  If PBDEs are released into 

water streams, direct uptake during early windows of exposure may be inhibited if the 

organism is protected by a chorion until they hatch; however maternal-fetal transfer is 

still a likely route of exposure for these organisms.  In the future it will be important to 

assess uptake of each of the PBDEs to determine if there is a relationship between 

toxicity and dose.  The large range of physical-chemical properties suggest that the 

congeners will be taken up (or transferred) at different rates.  Aqueous uptake may 

actually differ from maternal-fetal transfer; however there is little data that investigates 

the rates of maternal-fetal transfer.  To date, there is only one study that investigates the 

uptake of a PBDE by embryonic zebrafish, and the authors found a linear uptake of BDE 

47 over a concentration gradient [67].  Determination of uptake and metabolism will be 

necessary for determining relative toxicity of PBDE congeners. 
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 In conclusion, six PBDE congeners of varying physical-chemical properties were 

individually evaluated for developmental disruption of embryonic zebrafish.  In general, 

there was a positive relationship between log Kow and adverse effects: the lower 

brominated congeners were more toxic while higher brominated congeners did not elicit 

an observable adverse effect.  Further testing is necessary to determine whether the 

observed effects are due to bioavailability, structural differences or increased sensitivity 

through receptor-mediated interaction or other mechanisms of action.  Degree of 

bromination and location of bromine atoms on the parent structure both influence the 

sensitivity of the embryos to exposure.  While most adverse effects were not observed 

until after five days of exposure, earlier onset of behavioral responses to most congeners 

were observed.  The behavioral results and time of effects observed in the present study 

are suggestive of thyroid disruption and neurodevelopmental effects, which warrant 

future investigation.  Although most PBDEs have either been banned or phased out 

throughout the world, it may be more beneficial to identify congeners of concern rather 

than replacing these compounds with chemicals of unknown biological interactions. 
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CHAPTER THREE 

Uptake and Metabolism of Individual PBDE Congeners by Embryonic Zebrafish 

 

Abstract 

 Embryonic zebrafish were used to determine the rate of uptake for six 

polybrominated diphenyl ether (PBDE) congeners (BDE 28, 47, 99, 100, 153, and 183) 

and identified metabolites from static exposures.  Embryos were exposed at 6 hours post 

fertilization (hpf) and analyzed at 24 or 120 hpf.  An inverse relationship was observed 

between PBDE uptake and their octanol-water partitioning coefficient (uptake of BDE 28 

and 47 > 99 and 100 > 153 and 183).  Debromination metabolites were identified in all 

congeners (excluding BDE 28) tested in the 120 hpf samples.  BDE 153 underwent meta-

debromination to form BDE 99, which subsequently underwent another meta-

debromination step to form BDE 47.  Gene expression analysis was conducted at 120 hpf 

to identify potential metabolic pathways for PBDEs examined in this study.  UGT5g had 

the greatest induction for all congeners examined ranging from 2.5 to 16.5 fold increase 

as compared to controls.  Glutathione-S-transferase (GSTpi) was downregulated 

following exposure to BDE 28, 47, 99, and 100.  BDE 153, which had the greatest 

amount of debromination, induced the least alterations in gene expression.  Deiodinase 

expression was upregulated by BDEs 28, 47, and 183.  CYP1A1 and CYP1B1 were 

upregulated by BDEs 28, 47, 99 and 183.  
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Introduction 

 Over the last decade, polybrominated diphenyl ethers (PBDEs) have received 

attention due to their release into the environment and potential adverse health effects 

[72].  As a result, the penta- and octa-mixtures have been banned or phased out in Europe 

and North America [72].  The deca-mixture is currently in production in the US; 

however, its production is also being phased out in favor of other brominated flame 

retardants and non-halogenated polymers [15].  Historically, few congeners were 

commonly identified in environmental samples, with BDE 47, 99, and 100 making up the 

majority, followed by BDE 153 and 154 [73-76].  These congeners are the primary 

components of the penta-PBDE mixture, however, many hexa- and octa-brominated 

congeners debrominate to one or more of these compounds [47, 77].  Additionally, BDE 

99 and BDE 100 have been shown to undergo metabolic and photolytical debromination 

to form BDE 47 [47, 49, 76, 78].  

The metabolism and preferential debromination may be dependent on species-

specific metabolic enzymes.  It has been established that the meta- and para-bromines are 

preferentially debrominated in most biological systems [28].  However, rate of 

debromination and specific bromine position targeted for debromination can be species 

specific [79-81].  For instance, BDE 99 was readily debrominated to BDE 47 in carp 

(Cyprinus caprio) liver microsomes; however, BDE 99 debrominated to BDE 49 in 

salmon (Onchorhynchus tshawytscha) liver microsomes [47-49].  The debromination of 

BDE 99 to BDE 49 in salmon is hypothesized to be a result of deiodinase activity due to 

the structural similarity of PBDEs to thyroxine (T4), and is indicative of a unique 

metabolic pathway of salmonids [48].  
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In addition to deiodinase activity, PBDEs may be debrominated as a function of 

phase I metabolism or functionalized as part of phase II metabolism [31, 78, 82].  Many 

cytochrome P450 (CYP) enzymes are involved in the metabolism of xenobiotics, often 

with specific functions.  There are three primary pathways involved in phase I 

cytochrome P450 metabolism of xenobiotics: the aryl hydrocarbon receptor (AhR) which 

activates the CYP1 family of genes, the constitutive androstane receptor (CAR), and the 

peroxisome receptor (PXR) [83].  Following phase I metabolism, xenobiotics may be 

further metabolized in order to increase excretion efficiency, typically through the 

addition of a hydrophilic functional group.  Recent research has focused on the role of 

glucuronidation, glutathione-S-transferase (GST), and CYP1A, CYP2D, and CYP3A 

activity on PBDE metabolism [20, 22].  While it has been demonstrated that organisms 

have the ability to metabolize PBDEs, the primary pathway is unclear. 

 The research goal of this study was to evaluate the rate of PBDE uptake and 

identify debromination products following exposure in zebrafish.  Zebrafish were used as 

a high-throughput model for evaluating the uptake and debromination of six 

environmentally relevant congeners spanning a wide range of physical-chemical 

properties [65].  In our previous study, a positive correlation was found between the 

octanol-water partitioning coefficient (log Kow) and the concentration at which 50% of 

the organisms die (LC50) indicating that congeners with fewer bromines are more toxic 

than congeners with more bromines [84].  By examining uptake, we are able to compare 

the dose rather than the concentration at which adverse effects are observed.  Whether 

this was due to decreased bioavailability of more brominated congeners or to differences 

in biological interaction can only be determined through quantification of uptake.   
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Embryonic zebrafish were used to assess differences in metabolism during early 

development and at the larval stage.  This study analyzed debromination products from 

PBDE exposure, but not hydroxylated or other functionalized metabolites.  Analysis of 

gene expression of phase II enzymes suggests that functionalization of the parent 

congener may be occurring.  Zebrafish are a common toxicological model, useful both 

for human and environmental risk assessment.  This study is the first investigation of six 

individual PBDE congeners for rate of uptake and metabolism in a single whole animal 

study. 

 

Materials and Methods 

 

Chemicals and Materials   

PBDE standards were purchased from Accustandard (New Haven, CT) and 

prepared in dimethyl sulfoxide (DMSO) for each individual PBDE congener.  Six 

congeners were selected for this study: 2,4,4'-tribromodiphenyl ether (BDE 28), 2,2',4,4'-

tetrabromodiphenyl ether (BDE 47), 2,2',4,4',5-pentabromodiphenyl ether (BDE 99), 

2,2',4,4',6-pentabromodiphenyl ether (BDE 100), 2,2',4,4',5,5'-hexabromodiphenyl ether 

(BDE 153), and 2,2',3,4,4',5',6-heptabromodiphenyl ether (BDE 183).  Tricaine, DMSO, 

chloroform, Trizol Reagent, and isopropanol were purchased from Sigma Aldrich (St. 

Louis, MO, USA).  Primer sets were designed using Invitrogen’s Primer Design and 

purchased from Eurofins MWG Operon (Huntsville, Alabama) (Table 1).  See Appendix 

Figure SI-1 for chemical structures. 
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Zebrafish Care   

Adult zebrafish were maintained on a light cycle of 16:8 and fed artemia 

supplemented with Zeigler zebrafish flake food (Aquatic Ecosystems, Apopka, FL).  

Deionized water was used and supplemented with Instant Ocean
®
 (Aquatic Ecosystems, 

Apopka, FL) and maintained at a pH of 7.0.  Embryos were collected within two hours of 

fertilization. 

 

Table 3.  Primer sequences for qPCR 

gene name forward primer sequence (5'-3') reverse primer sequence (5'-3') 

GAPDH GAATTCTGGGATACACGGAG AAAGGGGTCACATCTACTCC 

CYP1A1 TGCAAGTGTCCGATGAGAAG TGAGGAATGGTGAAGGGAAG 

CYP1B1 GCTCAGCTCGGTAAC CGTTAGACACGAACC 

DIO1 CTGTGGTGGTGGATGAGATG TCGAACCTCTTCAGGCTTGT 

DIO2 AATGCCAACATAGCCTACGG TAGCACTTCTCCAGCCACC 

CYP3A1 CCCATTGCTATGACACATGC AAGTCAACGCTGAAGGAGGA 

GSTpi TTCAGTCCAACGCCATG ATGAGATCTGATCGCCAACC 

UGT5g TCCCATCTCCTTTGTTCCTG GCCACCAATGTAGACGAGGT 

 

 

Zebrafish PBDE Exposure Protocols   

Zebrafish PBDE exposure protocols have been described previously [84].  

Briefly, exposure solutions (10 mg L
-1

, nominal) were prepared from stock solutions in 

fish water at 0.5% DMSO for each individual congener.  Embryos were dechorionated 

via pronase at 6 hours post fertilization (hpf) and five embryos were added to a single 

well with 0.5 ml of exposure solution.  The purpose of the study was to compare uptake 

and metabolism, and by removing the chorion, we were able to remove potential 

variability in ability to pass through the chorion.  Control exposures were used, in part, to 

examine PBDE contamination as well as for gene expression.  Embryos were kept in a 

light (14:10) and temperature (28°C) controlled incubator until 24 or 120 hpf.  Embryos 
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were assessed at 24 hpf to correlate uptake of the PBDE congener with previously 

described alterations in behavior [84].  They were also assessed at 120 hpf, a window of 

development where PBDEs were previously found to induce malformations in zebrafish, 

but prior to mortality [84].  Embryos were pooled into groups of 30 for both PBDE 

uptake analysis and RNA expression analysis. 

 

PBDE Extraction from Zebrafish Tissue   

PBDEs were extracted at 24 and 120 hpf from zebrafish tissue to determine rates 

of uptake (n = 3, with 30 embryos per sample).  Embryos were euthanized with tricaine, 

transferred to pre-weighed microcentrifuge tubes, and the water removed to determine 

wet weight.  Wet weights were approximately 10-13 mg per sample.  Next, 300 µl of 

hexane was added to the microcentrifuge tube followed by 10 µl of 2.3 ng µl
-1

 hexane-

surrogate solution (PCB 157).  The embryos were homogenized in hexane using a 

handheld motorized pestle (VWR
®
, Sugar Land, TX).  The pestle was rinsed with an 

additional 300 µl of hexane into the microcentrifuge tube.  The homogenate was vortexed 

at 7,000 rpm for 30 s and centrifuged for 5 min at 5,000 rpm.  The hexane layer was 

transferred into a 1 ml amber gas chromatography (GC) vial.  Another 300 µl of hexane 

was added to the homogenate, and the homogenate was again vortexed, centrifuged, and 

the hexane layer extracted and added to the GC vial.  The extract was blown down via 

nitrogen to approximately 500 µl.  The internal standard (10 µl of 2.3 ng/µl PCB 167 

hexane solution) was spiked into the sample.  
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PBDE Analysis   

PBDE analysis was performed using gas chromatography-mass spectrometry in 

electron capture negative ionization mode (GC/MS-ECNI) and selective ion monitoring 

[84].  A calibration mixture consisting of BDEs 28, 47, 99, 100, 153, 154, and 183 was 

used to develop a seven point calibration curve.  A separate PBDE standard mixture 

(Accustandard’s BDE-AAP-A) was used to identify 39 potential PBDE metabolites.  

Retention times of PBDE metabolites not present in either mixture (PBDEs 48/49, 51, 76, 

101, 139, and 144) were calculated by performing a linear regression of our method’s 

PBDE relative retention times (RRTs) and Korytar’s RRTs for 126 PBDEs, which also 

used a DB-5 column [85]. 

 

Quality Assurance/Quality Control  

PBDE concentrations were surrogate recovery corrected.  Surrogate recoveries 

ranged from 73-114%.  Embryo extracts including controls were analyzed in batches.  

Control extracts were used as method blanks.  PBDE stock solutions were verified for 

composition and purity prior to use.  Observed trace levels of impurities in stock 

solutions were taken into account when identifying metabolites in zebrafish samples.  A 

calibration curve check standard was run before and after each batch to validate the 

integrity of the calibration curve. 

 

RNA Isolation  

In addition to tissue concentration, the RNA was extracted from embryos 

following exposure to examine the expression of several genes involved in metabolism.  

At 120 hpf, embryos were then euthanized and homogenized in 100 µl Trizol Reagent 
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using a motorized pestle.  RNA extraction followed manufacturer’s protocols.  RNA 

concentration and quality was assessed using the NanoDrop
®
 ND-1000 UV-Vis 

Spectrophotometer (NanoDrop Technologies, Wilmington, DE, USA).  

 

Gene Expression Analysis   

In order to assess metabolism of PBDEs in zebrafish, alterations in gene 

expression were evaluated at 120 hpf.  Comparisons of gene expression of controls and 

10 ppm PBDE-exposed embryos were analyzed using quantitative PCR (qPCR).  

Glyceraldehyde-3-phosphate dehydrogenase (GAPDH) was used as a housekeeping gene 

from extracted zebrafish homogenates.  A one-step PCR protocol was used according to 

manufacturer’s instructions for the Rotor-Gene SYBR Green RT-PCR kit on a Rotor-

Gene Q (Qiagen, Valencia, CA).  Samples of RNA (50 ng) was reverse transcribed at 

55°C for 10 min after which were immediately denatured at 95°C for 5 min.  Two-step 

cycling of alternating 95°C for 5 s and 60°C for 10 s was performed 40 times.  Melt curve 

analysis was conducted for all samples after the PCR was completed.  Samples were 

normalized to GAPDH expression, and fold change was calculated against the expression 

measured in control samples. 

 

Results and Discussion 

 

Uptake of PBDE Congeners   

Uptake was measured at 24 hpf and 120 hpf to determine if the adverse effects of 

exposure were due to differences in bioavailability or specific biological interactions.  

Previously, embryos exposed to BDEs 28, 47, 99, and 100 exhibited increased rates of 

spontaneous movement at 24 hpf when exposed to concentrations of 10 mg L
-1

 [84].  
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Previous research also determined 120 hpf to be a significant time point at 10 mg L
-1

 for 

the onset of select malformations [84].  Zebrafish have not developed gills at 120 hpf and 

therefore rely on cutaneous respiration as their primary route of exposure .  BDEs 28 and 

47 had the highest rates of uptake at 24 and 120 hpf, followed by BDEs 99 and 100, and 

BDE 153 and BDE 183 had the lowest rates of uptake (Table 4). 

BDE 28 and 47 have the lowest log Kow values and the greatest rates of uptake 

compared to other congeners tested at both 24 and 120 hpf (Table 4).  BDE 28 and 47 

had similar uptake at 24 hpf (67.2 ng mg
-1

 and 60.1 ng mg
-1

, respectively).  While not 

significant, this corresponded to the equally increased rates of spontaneous movement at 

the 10 mg L
-1

 exposure concentration [84].  At 120 hpf, BDE 28 had a higher amount of 

uptake (719 ng mg
-1

) than BDE 47 (553 ng mg
-1

).  BDE 28 had a 10.7 fold increase from 

24 to 120 hpf, while BDE 47 had a 9.2 fold increase.  

 

Table 4.  Uptake of each of the PBDE congeners. 

congener log Kow
* 

24 hpf uptake 

(ng mg
-1

) 

120 hpf uptake 

(ng mg
-1

) 

LC50
**

 

(μg L
-1

) 

calculated LD50 

(ng mg
-1

) 

BDE 28 5.94 67.18 (±4.71) 719 (±13.53) 3.6 287  

BDE 47 6.81 60.12 (±13.36) 553 (±39.12) 4.2 180  

BDE 99 7.32 15.44 (±0.56) 106 (±23.8) 5.2 85  

BDE 100 7.24 8.06 (±1.09) 166 (±5.02) 8.4 165  

BDE 153 7.90 2.92 (±0.55) 30.36 (±5.65) -- -- 

BDE 183 8.27 5.82 (±1.13) 7.49 (±2.56) -- -- 

 

* Log Kow values cited from Braekevelt et al (2003) [65].  

**LC50 values from Usenko et al 2011 [84]. 

 

BDE 99 and BDE 100 have similar log Kow values and only differ in the location 

of one bromine atom (Appendix A).  BDE 99 and 100 also had similar rates of uptake at 

24 hpf (15.44 (±0.56) ng mg
-1 

and 8.06 (±1.09)ng mg
-1

, respectively), which was <25% 
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uptake as compared to BDE 47 (Table 4).  BDE 99 had a seven-fold increase between 24 

and 120 hpf; however, BDE 100 had approximately a 20-fold increase in uptake between 

24 and 120 hpf.  

BDE 153 and 183 had the lowest uptake at 24 hpf compared to other congeners 

tested in this study.  Interestingly, BDE 183 had a greater amount of uptake at 24 hpf 

(5.82 (±1.13) ng mg
-1

) as compared to BDE 153 (2.92 (±0.55) ng mg
-1

).  In our previous 

study, these congeners did not alter spontaneous movement when exposed to 10 mg L
-1

 at 

24 hpf [84].  Similar to BDE 28, 47, and 99, BDE 153 had a 10-fold increase in uptake 

between 24 hpf (2.92 ng mg
-1

) and 120 hpf (30.36 ng mg
-1

) (Table 4).  There was similar 

uptake for BDE 183 at 24 and 120 hpf (1.3 fold increase; 5.82 and 7.49 ng mg
-1

, 

respectively), which may be a result of its low water solubility.    

There was an inverse relationship between log Kow and PBDE uptake at 120 hpf 

(R
2
 = 0.88; Figure 4A).  A similar relationship was previously observed between log Kow 

and LC50, with BDE 28 inducing mortality and malformations at the lowest 

concentrations (2.5 mg L
-1

), while BDEs 153 and 183 did not induce an observable 

adverse effect (up to 20 mg L
-1

) [84].  In comparing the uptake at 120 hpf to the LC50 

value calculated at the end of a seven day exposure period, there was a trend showing that 

PBDEs with lower LC50 values had a higher amount of uptake.  BDE 100, however, 

appears to be an outlier, potentially due to bromine location compared to BDE 99.  When 

LC50 is graphed versus uptake, the regression has an R
2
 = 0.543 (Fig. 4B), but if BDE 

100 is removed from the graph as an outlier, the R
2
 = 0.987.  Since mortality was not 

observed in BDE 153 and BDE 183 samples, the LC50 could not be calculated, and 

therefore were not included in this regression.  More data points are necessary to draw 
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stronger conclusions and to determine if BDE 100 is in fact an outlier with unique 

biological interactions.  One potential reason for the difference in toxicity and uptake for 

BDE 100 may be the second bromine in an ortho-position, altering its structural-

biological activity.  In a study of structurally diverse brominated flame retardants, there 

was no correlation between log Kow and uptake in adult zebrafish, however this study 

included flame retardants other than PBDEs [86].  
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Figure 4.  (A) The uptake of the different PBDE congeners demonstrate a strong 

correlation to the previously reported octanol-water partitioning coefficient (log Kow) at 

120 hpf, following exposure to 10 mg L
-1

 (R
2
 = 0.88) [65].  (B) There was a strong 

correlation between the uptake of the PBDE congeners at 120 hpf and the previously 

determined LC50 values (R
2
 = 0.987) [84]. 

 

Metabolism of PBDE Congeners   

Metabolic PBDE products were assessed in all samples at 24 and 120 hpf.  No 

debromination products were identified in BDE 28 samples at 24 hpf or 120 hpf.  This is 

consistent with other BDE 28 metabolic studies, which did not identify congeners with 

fewer bromines following adult zebrafish dietary exposure [86].  To date, there are few 

studies examining BDE 28 for toxicity or for its degradation or metabolic pathway in 
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specific tissues or whole organism.  Another study evaluated the metabolism of BDE 28 

in the liver microsomes of three fish species for metabolism, but none were identified 

[28].  

In a single debromination step, BDE 47 may potentially debrominate to two 

different congeners: BDE 17 and 28.  At 24 hpf, no metabolites were identified, but at 

120 hpf both BDE 28 and 17 were identified (Table 5, Fig. 5).  BDE 28 was observed in 

BDE 47 samples at a concentration of 0.57% at 24 hpf and 0.37% at 120 hpf (Table 6).  

The decrease in percent metabolite is most likely due to the rapid uptake of BDE 47 

between 24 hpf and 120 hpf (Fig. A.2). While BDE 17 could not be quantified, there was 

more BDE 28 than BDE 17 based on peak height.  This suggests BDE 47 may 

preferentially undergo ortho-debromination to form BDE 28. 

 

Table 5.  Degradation and metabolism products identified in samples (n=3). 

 

congener additional peaks 

identified in 24 hpf 

zebrafish samples 

additional peaks 

identified in 120 hpf 

zebrafish samples 

BDE 28 -- -- 

BDE 47 BDE 28 

 

BDE 28 

BDE 17 

BDE 99 BDE 47 BDE 47 

BDE 100 -- BDE 47 

RT: 19.5 

BDE 153 BDE 99 BDE 47 

BDE 99 

BDE 101 

BDE 118 

BDE 183 -- BDE 154 

 

*RT is the retention time of an unknown PBDE degradation peak. 
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Figure 5.  Debromination web of PBDEs of interest.  The highlighted PBDEs are 

congeners that were quantified using GC-MS. 

 

 BDE 47 was detected in all BDE 99 embryos samples for both 24 and 120 hpf, 

suggesting that BDE 99 underwent meta-debromination to form BDE 47.  BDE 47 was 

3.04% at 24 hpf and 5.65% at 120 hpf of the total BDE 99 concentration in the samples 

(Table 6).  These results are consistent with results in a study with carp, where 9.5% of 

the BDE 99 was debrominated to BDE 47 [47].  While samples were examined for other 

potential debromination products, BDE 47 was the only additional peak identified in the 

BDE 99 samples. 

No metabolites were observed in BDE 100 samples at 24 hpf.  At 120 hpf, BDE 

47 was identified in all samples along with an unidentified peak at 19.5 min (Table 5).  

This peak does not correspond to any known debromination products identifiable in our 

standard solution or Korytar’s RRTs calculation.  BDE 47 was only 0.30% (53 ng g
-1

) at 

120 hpf of the ΣPBDEs in the BDE 100 exposed samples (Table 6).  This suggests that 
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the rate of meta-debromination, such as from BDE 99 to BDE 47, is greater than ortho-

debromination rates identified in BDE 100 to BDE 47.  

 

Table 6.  Quantified metabolites in samples. 

 

congener 

exposed 

 

 

 

age at  

analysis  

(hpf) 

 

 

 

PBDE 

metabolite 

metabolite 

concentration 

(ng g
-1

) 

% compared  

to exposed 

congener 

BDE 47  24  28 340 0.57% 

   120  28 2060 0.37% 

BDE 99  24  47 450 3.04% 

   120  47 9490 5.65% 

BDE 100  24  47 30 0.42% 

   120  47 50.3 0.30% 

BDE 153  24  99 22 0.38% 

   24  47 0 -- 

   120  99 456 1.67% 

   120  47 383 1.40% 

BDE 183  24  153 40 0.74% 

   120  153 60 1.20% 

 

 BDE 153 can undergo single debromination to form BDE 99, 101, and 118 (Fig. 

5).  At 24 hpf, however, BDE 99 was the only debromination product detected in the 

samples (0.38%).  At 120 hpf, BDEs 99, 118, and 101 were identified in all samples (Fig. 

6).  In addition, BDE 47 was also identified as a secondary debromination product.  In 

fact, there were similar amounts of BDE 47 and BDE 99 (1.40% and 1.67%, respectively) 

in BDE 153 samples at 120 hpf (Table 6).  These results indicate that BDE 153 

undergoes meta-debromination on both phenyl rings.  BDEs 101 and 118 do not, 

however, debrominate to BDE 47, suggesting that BDE 99 could undergo a second meta-

debromination step to form BDE 47 (Fig. 5).  A peak corresponding to BDE 101 had 

lower abundance than BDE 99, and BDE 118 had the smallest relative abundance (Fig. 
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6).  These results are in contrast with a human liver microsome study, in which BDE 153 

was not metabolically debrominated [87].  In a study by Roberts et al., three fish species 

were compared for metabolic debromination of several PBDE congeners [28].  Common 

carp debrominated BDE 153 to BDE 47 and BDE 101 in approximately equal amounts; 

however BDE 99 was not observed.  Neither salmon nor rainbow trout debrominated 

BDE 153.  Our results indicate that the dehalogenation metabolic pathways of zebrafish 

are most similar to common carp, and that metabolic pathways of PBDEs are species-

specific. 

 

 

Figure 6.  Example GC-MS spectrum of zebrafish extraction following exposure to BDE 

153 at 120 hpf.  

 

 

 BDE 183 is a hepta-BDE congener with six potential single debromination 

products (Fig. 2).  In the 24 hpf samples, no metabolites were identified and BDE 154 

was the only confirmed identified metabolite in the 120 hpf samples (Table 3).  The 

overall uptake of BDE 183 was low and did not increase between 24 and 120 hpf, thus 
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lower BDE 183 body burden may have resulted in lower metabolite concentration.  A 

previous study evaluating the metabolism of BDE 183 in carp found BDE 183 to 

debrominate to two hexa- congeners: BDE 154 and an unidentified congener (possibly 

BDE 144 or BDE 158) [47]. 

 

Gene Expression   

Seven genes involved in metabolism were evaluated in this study at 120 hpf.  

Deiodinase I (DIO1) and II (DIO2) are involved in the conversion of thyroid hormone to 

the active form.  Both deiodinases were significantly upregulated in BDE 28 and BDE 

47-exposed embryos, which also had the greatest amount of uptake (Table 5).  DIO2 was 

significantly upregulated in BDE 183 samples despite the lower overall uptake as 

compared to the other PBDEs examined in this study (Table 5).  Neither deiodinase was 

upregulated in BDE 153 samples, which had the most debromination (Table 2).  In a 

previous study, DIO1 and DIO2 were induced in juvenile zebrafish exposed to the 

technical penta-mixture DE-71 [53]; however, in a study by Chen et al., neither 

deiodinase was induced by BDE 47 after 38 days of feeding exposure in zebrafish [52].  

Results may differ due to differences in route of exposure, dose, and age of assessment.  

Overall, PBDE exposure during this study appeared to significantly induce expression of 

deiodinases; however, there was not a strong link between metabolite formation and 

deiodinase induction.  

 

Phase I Metabolism 

Activation of the aryl hydrocarbon receptor (AhR) results in the activation of the 

CYP 1 family, which are upregulated following exposure to many environmental 
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contaminants, such as dioxins and coplanar polychlorinated biphenyls [88].  CYP1A1 

was significantly upregulated in BDE 47, 99, and 183-exposed embryos, and CYP1B1 

was significantly upregulated in BDE 28, 47, 99, and 183-exposed embryos (Table 7).  

Previous studies have also found CYP1A induction following PBDE exposure in rats [22, 

89].  Furthermore, CYP1A1 was weakly induced at 38 and 60 days post fertilization (dpf) 

in zebrafish, suggesting constant upregulation over the duration of exposure during 

development [52].  BDE 183 exposure upregulated CYP1A1 and CYP1B1 despite its 

relatively low uptake compared to other congeners in this study.  There was not an 

alteration in either CYP1A1 or CYP1B1 expression following BDE 153 exposure, which 

had the greatest amount of metabolites identified.  This suggests that although there is 

slight activation of the AhR by several PBDE congeners, CYP1A1 and CYP1B1 are not 

primary pathways of PBDE metabolism.  

CAR activation results in the upregulation and activation of CYP2 family of 

enzymes as well as some CYP3 enzymes.  This pathway has been hypothesized to be the 

primary metabolic enzymes for PBDEs, and is also associated with the metabolism of 

many pharmaceuticals [20, 90].  Furthermore, circulating levels of thyroid hormone are 

regulated by CAR, however thyroid hormones do not regulate CAR activity [90].  

Unfortunately, CYP2 genes were not investigated due to the lack of genetic conservation 

between zebrafish and humans for this family of genes: humans have 16 CYP2 isoforms, 

whereas zebrafish have 47 [83].  

The third pathway for xenobiotic metabolism activates the peroxisome receptor 

(PXR) which in turn activates the CYP3 family.  For comparison to previous studies, 

CYP3A1 was investigated.  CYP3A1 was significantly downregulated in BDE 99-



42 
 

exposed embryos in this study.  This suggests that CYP3A1 is not a primary pathway of 

metabolism of PBDEs.  In mice, BDEs 47, 99, and 209  have been shown to induce gene 

expression of CYP3A [91].  Differences in our results may be due to differences in 

metabolic pathways between mice and zebrafish.  There are many different cytochrome 

P450 genes, and this study only investigated several of the most commonly studied.  It is 

possible that another CYP isoform is primarily responsible for phase I metabolism of 

PBDEs or that a combination of CYPs and deiodinases are responsible.  Other CYP 

isozymes need to be investigated for metabolism of PBDEs. 

 

Table 7.  Fold changes in gene expression at 120 hpf following exposure to PBDEs 

compared to controls.  Parenthesis is the standard deviation across the samples.  The first 

five genes are related to phase I metabolism, and GST and UGT5g are phase II 

metabolism genes.  An n=3 was used for all analysis and (*) notes significance (p<0.05). 
 
 Phase I Metabolism Phase II Metabolism 

 DIO1 DIO2 CYP1A1 CYP1B1 CYP3A1 GSTpi UGT5g 

Control 1.00 

(±0.359) 

0.976 

(±0.249) 

1.049 

(±0.163) 

1.000 

(±0.283) 

1.00 

(±0.427) 

1.00 

(±0.248) 

1.00 

(±0.261) 

BDE 28 1.898 

(±0.255)* 

3.651 

(±0.652)* 

2.044 

(±0.433)* 

1.212 

(±0.377) 

1.458 

(±0.500) 

0.630 

(±0.166)* 

16.452 

(±4.098)* 

BDE 47 2.008 

(±0.393)* 

2.299 

(±0.286)* 

2.175 

(±0.482)* 

2.565 

(±0.887)* 

0.563 

(±0.364) 

0.404 

(±0.058)* 

16.492 

(±5.263)* 

BDE 99 1.615 

(±0.311) 

1.382 

(±0.505) 

2.412 

(±0.746)* 

2.346 

(±0.730)* 

0.359 

(±0.189)* 

0.251 

(±0.031)* 

4.607 

(±2.148)* 

BDE 100 1.317 

(±0.461) 

0.637 

(±0.312) 

1.267 

(±0.399) 

0.690 

(±0.071) 

0.541 

(±0.371) 

0.288 

(±0.081)* 

9.868 

(±4.614)* 

BDE 153 1.085 

(±0.259) 

0.638 

(±0.259) 

0.638 

(±0.259) 

1.253 

(±0.390) 

1.115 

(±0.383) 

0.882 

(±0.088) 

2.526 

(±0.597)* 

BDE 183 1.136 

(±0.293) 

2.270 

(±0.384)* 

2.270 

(±0.384)* 

2.040 

(±0.555)* 

0.680 

(±0.127) 

0.823  

(±0.198) 

4.993 

(±1.568)* 

 

 

Phase II Metabolism 

UGT catalyzes the addition of a glucronosyl to a hydrophobic molecule with an 

oxygen, nitrogen, sulfur, or carboxyl functional group.  UGT5g was significantly 

upregulated by all congeners at 120 hpf (2.5 – 16.5 fold induction).  In fact, the greatest 
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fold induction of any gene examined in this study was by UGT5g when compared to all 

congeners tested during this study.  BDEs 28 and 47 induced UGT5g 16.5 fold compared 

to controls (Table 7).  BDE 153 had the lowest fold induction (2.5 fold) of any congener.  

This suggests BDE 153 is undergoing phase I metabolism, albeit not through one of the 

selected pathways investigated in this study.  Furthermore, the identification of BDE 47 

and BDE 99 in the BDE 153 samples indicates phase I metabolism is occurring. 

This large fold increase in secondary metabolism could be in response to 

combined increases in primary metabolism that were not investigated during this study.  

It is also possible that select PBDEs may be hydroxylated as part of phase I metabolism.  

Furthermore UGTs have been found to be upregulated following exposure to PBDEs in 

cell culture, but are also involved in the metabolism and elimination of circulating thyroid 

hormones [20, 22].  Both UGTs and deiodinases have significant roles in thyroid 

hormone homeostasis and disruption of these genes could indicate thyroid disruption as 

well as metabolism.  Exposure to BDE 28 and BDE 47 induced expression of both 

deiodinases and UGT5g; however exposure to BDEs 99, 100, and 153 did not alter 

deiodinase expression, but increased expression of UGT (Table 7).  These mixed results 

are most likely due to the complexity of the pathways involved and further research is 

needed to decipher the direct pathways and modes of action of PBDE exposure. 

 Another secondary metabolism pathway is through conjugation of toxins with 

reduced glutathione via GSTs.  GSTpi was significantly downregulated by BDE 28, 47, 

99, and 100 (Table 7).  The greatest amount of downregulation was by BDE 99 and 100 

(0.3 fold).  GSTs conjugate reduced glutathione to a wide variety of substrates, therefore 

acting as an antioxidant, GST is often associated with responses to oxidative stress.  In 
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the present study, GST was downregulated, demonstrating that the animals may not have 

been undergoing significant oxidative stress and that this is not a primary pathway of 

secondary metabolism after five days of exposure to different PBDE congeners. 
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CHAPTER FOUR 

Hydroxylated PBDEs Induce Developmental Arrest in Zebrafish 

This chapter was previously published as: Usenko CY, Hopkins DC, Trumble SJ, and 

Bruce ED.  2012.  Hydroxylated PBDEs induce developmental arrest in zebrafish.  

Toxicol Appl Pharmacol 262: 43-51. 

 

 

Abstract 

The ubiquitous spread of polybrominated diphenyl ethers (PBDEs) has led to 

concerns regarding the metabolites of these congeners, in particular hydroxylated PBDEs.  

There are limited studies regarding the biological interactions of these chemicals, yet 

there is some concern they may be more toxic than their parent compounds.  In this study 

three hydroxylated PBDEs were assessed for toxicity in embryonic zebrafish: 3-OH-BDE 

47, 5-OH-BDE 47, and 6-OH-BDE 47.  All three congeners induced developmental 

arrest in a concentration-dependent manner; however, 6-OH-BDE 47 induced adverse 

effects at lower concentrations than the other congeners.  Furthermore, all three induced 

cell death; however apoptosis was not observed.  In short-term exposures (24-28 hours 

post fertilization), all hydroxylated PBDEs generated oxidative stress in the region 

corresponding to the cell death at 5 and 10 ppm.  To further investigate the short-term 

effects that may be responsible for the developmental arrest observed in this study, gene 

regulation was assessed for embryos exposed to 0.625 ppm 6-OH-BDE 47 from 24-28 

hpf.  Genes involved in stress response, thyroid hormone regulation, and 

neurodevelopment were significantly upregulated compared to controls; however, genes 

related to oxidative stress were either unaffected or downregulated.  This study suggests 
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that hydroxylated PBDEs disrupt development, and may induce oxidative stress and 

potentially disrupt the cholinergic system and thyroid hormone homeostasis. 

  

Introduction 

Recently, hydroxylated PBDEs (OH-BDEs) have been identified in human 

samples, including breast milk, cord blood and serum, and environmental samples [92-

95].  Widespread use resulted in the leaching of PBDEs from consumer products into the 

environment where they bioaccumulate in aquatic organisms [9, 93, 96].  OH-BDEs are 

naturally produced in some algal species, at concentrations 10-100 times lower than 

parent PBDEs [31, 97, 98].  As higher concentrations in the environment are detected, 

there is increasing concern regarding the toxicity of these compounds.  

Current studies have found that OH-BDEs are more toxic than PBDEs [99-101].  

OH-BDEs increased basal calcium levels and ablated the ability for calcium 

depolarization in cells, potentially leading to neurodisruption [100, 102].  Similarly, 

alteration of protein transport and carbohydrate metabolism genes was identified in 

zebrafish liver cells following exposure to 6-OH-BDE 47 [99].  PBDEs have the potential 

to disrupt thyroid hormone homeostasis and disrupt neurogenesis; however, whether 

hydroxylation alters these or other biological processes further, remains unknown.  

Depending on the congener, hydroxylation of the PBDE may increase its structural 

similarity to thyroid hormones.  It is unknown if hydroxylated PBDEs disrupt thyroid 

hormone homeostasis or other biological processes. 

BDE 47 has been a high priority congener due to its persistence and abundance in 

the environment.  BDE 47 is often one of the most abundant congeners in environmental 

samples [35, 103, 104].  In our previous study, we evaluated the toxicity of BDE 47 along 
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with five additional congeners with varying physical-chemical structures [84].  BDE 47 

was found to increase rates of spontaneous movement, induce malformations (curved 

body axis), and increase mortality during zebrafish development [84].  Due to the 

environmental importance and toxicity of BDE 47, there is increasing interest in its 

hydroxylated metabolites.  Hydroxylated PBDEs have been identified as metabolites of 

BDE 47 in multiple species, including rats, mice, and humans [31, 87, 105, 106].  

In this study, three OH-PBDEs are evaluated and compared: 3-hydroxy-2,2’,4’4’-

tetrabromodiphenyl ether (3-OH-BDE 47), 5-hydroxy-2,2’,4’4’-tetrabromodiphenyl ether 

(5-OH-BDE 47), and 3-hydroxy-2,2’,4’4’-tetrabromodiphenyl ether (6-OH-BDE 47).  

Two of these congeners, 5-OH-BDE 47 and 6-OH-BDE 47, have been identified as the 

most abundant hydroxylated PBDE congeners in human serum [107].  The use of these 

three congeners allows for comparisons of the influence of structure (i.e. hydroxyl group 

location) on the biological response.  Zebrafish were used in the present study to examine 

the developmental effects of exposure to OH-PBDEs and to explore their mechanisms of 

action.  

Methods 

 

Fish Husbandry 

Adult wild-type (Tropical 5D) zebrafish were obtained from stocks at Oregon State 

University, Corvallis, OR, USA.  Adult fish were housed at 28°C on a 16:8 light/dark 

photoperiod in a recirculating system according to standard zebrafish protocols and as 

previously described [63].  Zebrafish were spawned in tanks and embryos collected 

within 2 hours of fertilization.  All rearing and experimental procedures were conducted 

in accordance with IACUC regulations and approved protocols. 
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PBDE Exposure Experiments 

OH-PBDE standards were purchased from AccuStandard (New Haven, CT) and were 

≥ 99.0% purity (Fig. 7).  Stock solutions were prepared by dissolving neat standards in 

dimethylsulfoxide (>90% DMSO) (Sigma, St. Louis, MO, USA).  Exposure solutions 

were prepared via serial dilution from stock solutions with culture water with a 0.5% 

DMSO solvent vehicle for all concentrations.  Solvent controls were used for all studies, 

and were no observed adverse effects at concentrations up to 0.5% DMSO.  

To prevent uptake inhibition of OH-PBDEs, embryos were dechorionated using 

0.5 mg/ml protease E (Sigma, St. Louis, MO, USA) at 6 hours post fertilization (hpf), 

prior to exposure [64].  Protease should not increase the uptake of OH-BDEs, however 

further studies are necessary to confirm this hypothesis.  To determine the concentration-

response of each PBDE congener, zebrafish embryos were exposed to six concentrations 

of each congener from 6 hpf until 168 hpf, for comparison to our previous study on 

PBDEs [84].  Exposure solutions were prepared based on nominal calculations for 20 

mg/L, then serial diluted to make 10, 5, 2.5, 0.635, and 0.156 ppm.  This concentration 

range is similar to other studies assessing toxicity and biological interactions of OH-

PBDEs [100].  Exposure solutions were added to wells of a 48-well plate, and five 

embryos were added to each well in 0.5 ml of exposure water.  For all experiments, 12 

replicates of each treatment were used.  Exposures were housed in a light-controlled 

incubator on a 14:10 light/dark cycle at 28°C.  Embryos were evaluated daily for 

mortality, malformations, and developmental progression as previously described [55, 

84].  Stage of development was determined according to standard zebrafish 

embryogenesis staging [66].  



49 
 

A        B 

 

O

Br BrBr

Br

OH

3-hydroxy-2,2',4,4'-tetrabromodiphenyl ether   

O

Br BrBr

Br

OH

5-hydroxy-2,2',4,4'-tetrabromodiphenyl ether  
 

   C  

  

O

Br Br

Br Br

HO

6-hydroxy-2,2',4,4'-tetrabromodiphenyl ether  
 

Figure 7.  Chemical structures of the the three hydroxylated BDE 47 congeners tested in 

the present study: (A) 3-OH-BDE 47, (B) 5-OH-BDE 47, (C) 6-OH-BDE 47. 

 

Cell Death Assay Using Acridine Orange 

In preliminary studies, we determined the optimal exposure window for the cell 

death assay begins at 24 hpf.  Embryos were exposed to 1.25, 2.5, 5, 10, or 20 mg/L of 3-

OH-BDE 47, 5-OH-BDE 47, or 6-OH-BDE 47 at 24 hpf for 4 hours.  Controls (0.5% 

DMSO exposure) were used in all studies.  Embryos were subsequently rinsed with water 

and incubated in 5 µg/L acridine orange (Sigma, St. Louis, MO, USA) for 1 hour in the 

dark.  Embryos were rinsed and placed in 0.03% tricaine (Sigma, St. Louis, MO, USA) 

for 1 minute, mounted in methyl cellulose, and viewed under a 498 nm filter.  A Carl 

Zeiss Axio Observer microscope was used for all fluorescence viewing, and AxioVision 

software was used for image analysis.  For each treatment, 12 embryos were imaged.  
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Caspase-3 Immunohistochemistry 

In order to determine if the observed cell death was primarily due to necrosis or 

apoptosis, immunohistochemistry for caspase-3 was conducted.  Caspase-3 is a member 

of the caspase family of proteins, which play a key role in the apoptotic process.  

Therefore, the embryos were stained for the active form of caspase-3 in order to suggest 

apoptosis may be occurring.  Exposure protocols were similar to those used in the 

acridine orange assay.  After four hours of exposure, embryos were fixed in 4% 

paraformaldehyde overnight at 4°C and rinsed 3 times in phosphate buffer solution 

(PBS).  Embryos were permeabilized in 1% trypsin for 10 min on ice and rinsed 

thoroughly with PBS with 10% tween (PBST).  Embryos were then blocked with 10% 

normal goat serum (Sigma, St. Louis, MO, USA), then incubated in caspase-3 antibody 

originated in mouse (Sigma, St. Louis, MO, USA) for 4 hours at room temperature.  The 

embryos were rinsed 4 times for 20 min in PBST and incubated in goat anti-mouse Alex 

Flour 488 secondary antibody (Sigma, St. Louis, MO, USA) at a concentration of 1:1000 

overnight at 4°C.  Lastly, the embryos were rinsed in PBST 4 times for 20 min, mounted, 

and imaged under the 488 nm filter using a Carl Zeiss Axio Observer microscope.  

AxioVision software was used for image analysis. 

 

Oxidative Stress Assay 

Embryos were dechorionated at 24 hpf and exposed to 0, 1.25, 2.5, 5, 10, or 20 

mg/L of 3-OH-BDE 47, 5-OH-BDE 47, or 6-OH-BDE 47 for 4 hours.  A control of 0.5% 

DMSO was used to detect background or autofluorescence.  This exposure window was 

used to compare with the acridine orange assay.  Embryos were rinsed then incubated in 

10 mM dichlorofluoresceine (DCFDA) (Sigma, St. Louis, MO, USA) for 30 minutes.  
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DCFDA is a dye that fluoresces when cleaved by reactive oxygen species (ROS) and is 

commonly used in PBDE exposure experiments [27, 43].  To restrict movement during 

imaging, embryos were placed in 0.03% tricaine for 1 minute.  The embryos were rinsed 

with fish water, then mounted in methylcellulose and imaged under 488 nm filter using a 

Carl Zeiss Axio Observer microscope and AxioVision software was used for image 

analysis.  For each treatment, 12 embryos were imaged.  Fluorescence indicates ROS is 

interacting with DCFDA in that particular region. 

 

RNA Isolation 

Embryos were exposed to 0.625 ppm 6-OH-BDE 47 or 0.5% DMSO for the 

control from 24-28 hpf.  This concentration was selected because it did not delay 

development immediately following exposure, but was still expected to elicit a response 

in our preliminary studies.  This exposure window was selected to correspond with the 

cell death and oxidative stress assays.  At the end of the exposure period, embryos were 

euthanized with tricaine and pooled into groups of 30 with 5 replicates per treatment.  

RNA was extracted using Trizol reagent (Sigma, St. Louis, MO, USA) according to 

manufacturer’s guidelines.  RNA was quantified using a Nano Drop 1000 

Spectrophotometer (Thermo Scientific, Wilmington, DE) and checked for purity based on 

the 260/280 and 260/230 ratios.  

 

Gene Expression Analysis 

Real time polymerase chain reaction (RT-PCR) was used to assess changes in 

gene expression between control and treated embryos.  Primers were designed using 

Invitrogen’s Primer Design and were purchased from MWG Operon (Huntsville, 
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Alabama).  A list of the primer sequences used in this study is given in Table 8.  A one-

step PCR protocol was used according to manufacturer’s instructions for the Rotor-Gene 

SYBR Green RT-PCR kit on a Rotor-Gene Q (Qiagen, Valencia, CA).  For each reaction, 

50 ng of RNA was reverse transcribed at 55°C for 10 min followed by a denaturing step 

at 95°C for 5 min.  Two-step cycling of alternating 95°C for 5 s and 60°C for 10 s was 

performed 40 times.  Melt curve analysis was conducted for all samples after the PCR 

was completed.  Each sample was normalized to glyceraldehyde-3-phosphate 

dehydrogenase (GAPDH) expression for that particular sample, and the fold change was 

calculated against the expression of control samples. 

 

Table 8.  PCR primer sequences. 
 

Gene Forward Primer Reverse Primer 

GADPH GAATTCTGGGATACACGGAG AAAGGGGTCACATCTACTCC 

GCLc CTATCTGGAGAACATGGAGG CATTTTCCTCTGTTGACCGG 

COX6a CAACAAGACGCTCTTCCACA CGAGGTGTGGATAGCACAGA 

CHRNA ACGTCCAGAGCCTGAAAAGA GGAGAGGAGATGGATGTGGA 

NKX2.1 AGGACGGTAAACCGTGTCAG CACCATGCTGCTCGTGTACT 

TRAP1 AGGCACCTTCACCATACAGG AAAGCCCACACCAAACTGAC 

HSP70 GACCAAAGACAACAACCTGC ATGTTGAAGGCGTAAGACTCC 

GSTpi TTCAGTCCAACGCCATGC ATGAGATCTGATCGCCAACC 

Caspase-3 GTGTGACGGTGTAGG GACGTTCCTCCATGC 

E-cadherin TCTTCTGCTCATGTTCCTGC CAATGAATGTGCCGATCTCC 

GADD45 CTCTCATCCAGGCTT GCAGAAGCGGTTCAC 

DEIO1 CTGTGGTGGTGGATGAGATG TCGAACCTCTTCAGGCTTGT 

DEIO2 AATGCCAACATAGCCTACGG TAGCACTTCTCCAGCCACCT 

SLC5r GGTGGCATGAAGGCTGTAAT GATACGGGATCCATTGTTGG 

 

 

Statistical Analysis 

The average percent mortality or malformation was taken for each well and 

significance was determined using Fisher’s Exact Test compared to controls (n=12).  
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Developmental progression rates were determined by taking the average of the five 

embryos per well, and significance was determined using a one-way analysis of variance 

(ANOVA).  Significance of gene expression data was determined using a Student’s T-

Test, p < 0.05 as compared to gene expression in control embryos.  All statistical analysis 

was performed using SigmaPlot (Systat Software, Inc., San Jose, CA).  

 

Results 

 

Adverse Effects of Exposure 

There was concentration-dependent induction of mortality for all three congeners 

(Fig. 8).  Again, the embryos were most sensitive to 6-OH-BDE-47, followed by 5-OH-

BDE 47, which was more toxic than 3-OH-BDE 47.  The lethal concentration for which 

50% of the animals died (LC50) was calculated using SigmaPlot and plotting the 

%mortality for each concentration.  A best fit line was used to determine the approximate 

LC50 (R
2
 = 0.96-0.99).  3-OH-BDE 47 had an LC50 of 3.8 ppm, 5-OH-BDE 47 was 3.05 

ppm, and 6-OH-BDE 47 was 0.96 ppm.  Mortality was statistically significant at 48 hpf 

for all OH-BDE 47 congeners, and the rates continued to increase at 72 hpf.  These 

results differed from BDE 47, where mortality was not observed until 144 hpf (Fig. 8A).   

Malformations were also recorded daily.  BDE 47 induced a curved body 

malformation, which was observed starting at 120 hpf (Fig. 9A).  The hydroxylated BDE 

47 congeners, however, induced fin malformations and pericardial edema, which were 

observed beginning at 48 and 120 hpf, respectively.  3-OH-BDE 47 induced fin 

malformations at 5, 10, and 20 ppm exposure concentrations (Fig. 9B).  Fin 

malformations were only observed at in embryos exposed to 5 ppm 5-OH-BDE 47, and 
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was only in the surviving few embryos at this concentration (Fig. 9C).  6-OH-BDE 47 

induced fin malformations at 0.625 ppm, due to the 100% mortality at higher 

concentrations (Fig. 9D).  Malformations were not recorded for higher concentrations due 

to mortality prior to onset of the malformation. 

 

 

Figure 8.  Daily assessments of mortality were cumulated for each of the congeners tested 

(A) BDE 47, (B) 3-OH-BDE 47, (C) 5-OH-BDE 47, and (D) 6-OH-BDE 47.  Embryos 

were exposed at 6 hpf to a concentration gradient of each congener and analyzed daily 

until 168 hpf.  Significance noted by (*) indicating p < 0.05 and is compared to control 

exposures. 

 

Pericardial edema was also observed in several of the exposures, but not all.  

Pericardial edema was not observed in BDE 47-exposed embryos at any concentration 

(Fig. 10A).  All pericardial edema was observed starting at 96 hpf.  In 3-OH-BDE 47 
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exposed embryos, pericardial edema was significant at concentrations of 0.625 ppm and 

greater (Fig. 10B).  3-OH-BDE 47 induced pericardial edema in a concentration- 

dependent manner.  There was a slight increase in incidence of pericardial edema in 5-

OH-BDE 47-exposed embryos at 0.625 and 2.5 ppm, but these are very low rates 

(although statistically significant) of pericardial edema (Fig. 10C).  Finally, 6-OH-BDE 

47 also induced pericardial edema in embryos exposed to 0.625 ppm (Fig. 10D).  Again, 

no pericardial edema was observed at higher concentrations due to mortality. 

 

 

Figure 9.  Embryos exposed from 6-168 hpf were analyzed daily for incidence of 

malformations over a concentration gradient of each congener.  (A) The primary 

malformation from BDE 47 exposure was a curved body malformation.  (B) 3-OH-BDE 

47, (C) 5-OH-BDE 47, and (D) 6-OH-BDE 47 induced fin malformations, but not curved 

body malformations.  The cumulative daily assessment is shown for each congener.  

Significance noted by (*) indicating p < 0.05 and is compared to control exposures. 

 

A B 
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Figure 10.  Incidence of pericardial edema in embryos following exposure to a 

concentration gradient of (A) BDE 47 (B) 3-OH-BDE 47, (C) 5-OH-BDE 47, or (D) 6-

OH-BDE 47.  Significance noted by (*) indicating p < 0.05 and is compared to control 

exposures. 

 

At 24 hpf, all three congeners induced developmental arrest in a concentration-

dependent manner (Fig. 11).  Developmental arrest is a state at which the embryo remains 

intact, but does not continue to develop.  At 24 hpf, 20 ppm 3-OH-BDE 47-exposed 

embryos had entered developmental arrest at the 18 hpf stage and never progressed 

further.  Development was not delayed in any other 3-OH-BDE 47 exposure treatment at 

24 hpf.  At 48 hpf, the 20 ppm-exposed embryos were still developmentally at the 18 hpf 

stage.  Furthermore, embryos exposed to 10 ppm 3-OH-BDE 47 had entered  
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Figure 11.  Hydroxylated PBDEs induced concentration- and congener-dependent 

developmental arrest.  (A) Embryo stage at 24 hours post fertilization (hpf).  (B) Embryo 

stage at 48 hpf.  Significance noted by (*) and indicating that p < 0.05 and is compared to 

control exposures.  (C) Representative photos of developmental arrest at 24 and 48 hpf. 

 

 

developmental arrest at the 30 hpf stage.  No other concentration of 3-OH-BDE 47 

induced a change in developmental progression over the course of the study. 

A 

B 

C 
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5-OH-BDE 47 induced developmental arrest at lower concentrations than 3-OH-

BDE 47.  At 24 hpf, embryos exposed to 5 ppm and higher were developmentally 

delayed at stages that are statistically significant (17 hpf and lower).  Embryos continued 

to develop slightly between 24 and 48 hpf, however, embryos exposed to 5 ppm had only 

progressed from the 17 hpf stage to the 25 hpf stage at 48 hpf (Fig. 11).  

6-OH-BDE 47 had the greatest delay in developmental progression, with embryos 

exposed to 1.25 ppm and greater concentrations delayed at 24 hpf (Fig. 11A).  Embryos 

exposed to 20 ppm had 100% mortality by 24 hpf.  Embryos exposed to 10 ppm did not 

continue to develop from the time of exposure until the assessment 18 hours later.   

Furthermore, at 48 hpf, the embryos were dead.  Embryos exposed to 2.5 and 5 

ppm 6-OH-BDE were severely delayed at 24 hpf (14 and 9 hpf stage, respectively) (Fig. 

11A); however they did continue to develop, albeit at a delayed rate (17 and 15 hpf stage, 

respectfully at 48 hpf) (Fig. 11B). 

 

Cell Death 

In order to look at effects at the cellular level, two assays were used: acridine 

orange (total cell death), and caspase-3 (apoptosis).  Due to the fragile state of the 

embryos through the gastrula stage, exposures were conducted from 24-28 hpf.  No 

background cell death was detected in controls (data not shown).  Acridine orange 

staining revealed cell death throughout the body to the tip of the caudal fin (Fig. 12).  

Cell death may also be occurring at lower concentrations, however our system does not 

allow for quantification of measurements, therefore only concentrations of 2.5 ppm were 

used.  Generally, fluorescence was observed from the caudal fin along the body with 

increasing fluorescence noted with increasing concentration of OH-PBDE congeners.  
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Both 5-OH-BDE 47 and 6-OH-BDE 47 induced cell death at concentrations of 2.5 ppm, 

increasing from the fin to body region (Fig. 12).  Alternatively, 3-OH-BDE 47 only 

induced cell death at 10 ppm (Fig. 12).  Lower concentrations were not shown due to the 

lack of an image (see 2.5 ppm 3-OH-BDE 47 for an example in Fig. 12). 

 

  
 

Figure 12.  Cell death was detected using acridine orange after exposure from 24-28 hpf.  

Representative images are shown from each exposure treatment with increasing 

exposures from left to right (2.5, 5, 10 ppm).  (A-C) 3-OH-BDE 47, (D-F) 5-OH-BDE 

47, (G-I) 6-OH-BDE 47.  Fluorescence (white) indicates cells undergoing cell death.  No 

fluorescence was detected in controls, therefore images not shown. 
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In addition, immunohistochemistry was performed with a monoclonal caspase-3 

antibody, as previously described [108].  In the present study, there was not an observed 

increase in fluorescence between exposed and control embryos at any concentration (data 

not shown).  

   2.5 ppm  5.0 ppm   10 ppm 

 

 

3-OH-BDE 47 

 

 

 

5-OH-BDE 47 

 

 

 

6-OH-BDE 47 

 

 

 

 

 

 

 

 

 

 

Figure 13.  Oxidative stress was detected using dichlorofluoresceine diacetate (DCFDA) 

to indicate the presence of reactive oxygen species.  Representative images are shown 

across the concentration range (2.5, 5.0, and 10 ppm) from left to right, with (A-C) 3-OH-

BDE 47, (D-F) 5-OH-BDE 47, (G-I) 6-OH-BDE 47.  No fluorescence was detected in 

controls, therefore images not shown. 

 

Oxidative Stress 

DCFDA was used to identify cells in vivo that are generating reactive oxygen 

species.  DCFDA is first deacetylated by endogenous esterases to dichlorofluorescein 
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(DCFH), which can react with several ROS to form the fluorophore DCF.  There is a 

band of fluorescence along the body axis of exposed fish in proximity to the cells 

undergoing cell death (as measured by acridine orange).  There was no observed 

fluorescence in any of the controls.  A burst of reactive oxygen species was located in the 

center of the zebrafish body in the 10 ppm exposures for 5-OH-BDE 47 and 6-OH-BDE 

47 (Fig. 13).  This location also correlated to the top region of where the cell death was 

occurring in the acridine orange assay at 10 ppm (Fig. 12).  There was no observed 

fluorescence in any of the controls. 

 

Alterations in Gene Expression 

Two genes commonly associated with oxidative stress, GST and GCLc, were not 

upregulated (Fig. 14).  In fact, GST was significantly downregulated following treatment 

(p = 0.003).  Cytochrome c oxidase (COX6a), a gene involved in oxidative 

phosphorylation, was not significantly upregulated compared to controls (Fig. 14).  Heat 

shock protein 70 (HSP70), a gene involved in stress response was upregulated 55 fold 

compared to controls (p < 0.001).  TRAP1, also known as HSP90, was significantly 

downregulated (p = 0.007) (Fig. 14).  

All genes involved in thyroid signaling and function were upregulated when 

compared to controls.  DIO2 was upregulated 18-fold while DIO1 was upregulated 7 fold 

(p=0.05).  SLC5r, a gene encoding the sodium-iodide symporter, was upregulated 8.5-

fold (p = 0.034).  The cholinergic receptor neuronal nicotinic alpha (CHRNA2) gene was 

upregulated nearly 27 fold compared to controls (p < 0.001).  Cholinergic and thyroid-

related genes were significantly upregulated following exposure to 6-OH-BDE 47. 
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To further investigate the potential for apoptosis following exposures, caspase-3 gene 

expression was examined.  There was no change in caspase-3 gene expression between 

controls and embryos treated with 0.625 ppm 6-OH-BDE 47.  Previously, cell death was  
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Figure 14.  Gene expression analysis is shown as fold change compared to the controls 

and normalized to GAPDH expression. Embryos were exposed from 24-28 hpf to 0.625 

ppm 6-OH-BDE 47.  (A) GSTpi and TRAP1 were significantly downregulated.  (B) 

Genes involved in thyroid function, oxidative stress, and cholinergic receptors were 

significantly upregulated.  Significance was determined as p <0.05 and indicated by (*). 

 
 

A 

B 
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observed at 5 ppm in the acridine orange study, but 0.625 ppm 6-OH-BDE 47 did not 

significantly increase expression of an apoptosis-related gene (Fig. 14). 

 

Discussion 

In the present study, OH-BDE 47 was more toxic to zebrafish when compared to 

our previous study of BDE 47 and elicited different types of responses than BDE 47 [84].  

In our previous study, BDE 47 was one of the most potent PBDE congeners tested (out of 

seven) [84]; however, in this study all three hydroxylated PBDE 47 congeners 

demonstrated significantly more toxicity than the parent congener.  When exposed, all 

three OH-BDE 47 congeners delayed development, induced mortality, and caused cell 

death and oxidative stress.  These endpoints were not previously observed following 

zebrafish exposure to non-hydroxylated PBDEs, although oxidative stress and cell death 

have been reported in cell culture [43, 84].  Additionally, mortality was not observed in 

BDE 47 exposures until 120 hpf, yet all three OH-BDE 47 exposures induced mortality 

within 72 hpf.  

 The location of the hydroxylation of BDE 47 greatly altered exposure outcome, 

with the greatest effects observed in the ortho- position (6-OH-BDE), followed by para-

(5-OH BDE), and the least was meta- (3-OH-BDE).  Studies have found that the ortho- 

substituted congeners are primarily produced in nature by some algal species [30, 97], 

therefore the more potent congener might be released into the environment at a greater 

rate.  In one study, congeners with para- substitutions, were found to be more abundant in 

human serum [109]; although in another study, all hydroxylated metabolites had a 

hydroxyl group in the ortho- position [95].  In rat liver microsomes treated with BDE 47, 
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4’-OH-BDE 49 and 3-OH-BDE 47 were the most abundant metabolites, also supporting 

para-substitutions, and CYP2A2 and CYP3A1 were the most active CYP enzymes tested 

[105].  Furthermore, the sum of OH-BDEs in mink, hydroxylated metabolites comprised 

38-32% of the excreted fraction of PBDEs following exposure to DE-71 (penta-mixture), 

demonstrating hydroxylation as a pathway for elimination of PBDEs [110].  Currently, 

more information regarding the metabolic and environmental transformation of PBDEs to 

OH-BDEs is needed, and is an area of increasing interest and research.  

In a previous study, 6-OH-BDE 47 induced developmental delay in zebrafish 

[99].  While the specific mechanism through which hydroxylated PBDEs induce 

developmental arrest is uncertain.  While delayed development is a generic response to 

chemical exposure in zebrafish, arrest occurring early in development is not a common 

result.  Previous studies observed developmental arrest as the result of oxidative stress, 

disruption of cyclooxygenase activity [111], or disruption of cell adhesion (i.e. e-

cadherin) [112].  In an anoxia-based study, embryos that had entered developmental 

arrest could be revived when subsequently placed in optimal conditions [113]; however, 

that was not the case with the hydroxylated PBDEs.  When exposed to OH-BDE’s 

developmental arrest could not be reversed even when rinsed and placed in optimal 

conditions (data not shown).  This is possibly due to the bioaccumulative nature of these 

compounds or to an irreversible interaction with their biological targets.  Similar effects 

were observed when zebrafish embryos were exposed to the drug, bromo-methoxy 

zidovudine [114], which possess some structural similarities to hydroxylated PBDEs.  

Chemical-induced developmental arrest is an interesting endpoint for further study to 

determine the mechanism(s) of action leading to this adverse developmental outcome. 



65 
 

Oxidative stress is a common mode of action for many chemicals and diseases.  

To our knowledge, this is the first time DCFDA has been used in vivo.  In this study, at 

concentrations from 2.5 ppm to 10 ppm, there was evidence of oxidative stress 

corresponding to regions of the body undergoing cell death as identified in the acridine 

orange assay.  At the lower concentrations (i.e. 0.625 ppm 6-OH-BDE 47), there was no 

evidence of oxidative stress, either through the DCFDA assay or through alterations in 

antioxidant response gene expression.  These results are in agreement with a study 

involving 2-OH-BDE 47 and 2-OH-BDE 85, neither of which altered expression of 

oxidative stress related genes [115].  

Additionally, 6-OH-BDE 47 was found to uncouple of oxidative phosphorylation 

and inhibit the electron transport in zebrafish cells [99].  This disruption of ATP synthesis 

could be partially responsible for the developmental arrest in zebrafish embryos observed 

in the present study.  HSP90 is involved in the protection of proteins until they can be 

repaired, while HSP70 is involved in the removal of proteins that are damaged beyond 

repair [116].  Essentially, they act in opposing manners which is supported in the data.  

These results demonstrate that while standard oxidative stress genes were not upregulated 

at 0.625 ppm, the organisms were undergoing stress within a few hours of exposure.  

 All of the genes associated with thyroid function assessed in this study were 

upregulated.  Thyroid hormones have similar chemical structures to some hydroxylated 

PBDEs: both are diphenyl ethers with a hydroxyl group; however PBDEs have bromines 

rather than iodine atoms and thyroid hormones have an additional functional group.  

While further investigation is needed, this study demonstrates that 6-OH-BDE 47 disrupts 

normal thyroid hormone gene transcription during development.  Thyroid hormones play 
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an essential role during development, including the development of the cholinergic 

system.  A recent study found a positive correlation between human serum concentrations 

of OH-BDE and thyroid stimulating hormone [107].  There was not, however, a 

correlation between OH-BDE and thyroxine concentrations [107].  Furthermore, 

structural analysis has found that 5-OH-BDE 47 and 6-OH-BDE 47 readily bind to 

transthyretin and thyroxine-binding globulin [117]. 

While uptake was not determined in this study, in our previous studies we 

determined that the water-octanol partitioning coefficient (log Kow) was strongly 

correlated with toxicity of PBDEs [84].  If hydroxylated PBDEs follow similar uptake 

based on the calculated log Kow (log P; 6.13), it is likely that hydroxylated PBDEs are 

highly bioavailable [96].  The potentially high internal dose could also explain the 

potency of the compounds, however it is not expected that one OH-BDE 47 congener 

would be preferentially bioavailable over another based on the physical-chemical 

properties.  

Although concentrations used in this study are higher than what would be 

expected in the environment, the potential for maternal-fetal transfer increases concerns 

of exposure, even at low concentrations.  Stapleton et al, reported that 6-OH-BDE 47 was 

detected in >67% of blood samples from pregnant women in the US [118].  Human 

concentrations of hydroxylated PBDEs vary greatly, with some reports of ∑OH/PBDE 

ranging from 2.9-10% [94, 109].  Human exposure, however, is occurring and increasing 

concentrations are being reported.  Reports of concentrations in other environmental 

media (i.e. water and sediment) are currently limited.  Water concentrations were 

reported to be 0.63-1.0 pg/L of 5-OH-BDE 47 in China [119].  Primarily, organisms are 
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exposed to hydroxylated PBDEs through metabolism of parent PBDEs.  The increased 

toxicity of these congeners compared to the parent PBDEs raises concern about the risk 

of exposure, particularly during development.  There is a great need to gather more 

information regarding blood and breast milk concentrations, routes and sources of 

exposure.  While exposure is already occurring worldwide, it may be possible to mitigate 

or reduce the release or production of these chemicals, and there is little environmental 

concentration information currently available. 

 Currently, there is little information regarding the differential biological 

interaction of PBDEs compared to hydroxylated PBDEs.  This study found that the 

location of the hydroxyl group greatly influences the toxicity of the compound.  Our 

previous study found lower brominated congeners to elicit effects at the lowest 

concentrations; however Song et al. found that 2-OH-BDE 85 induced toxicity at lower 

concentrations than BDE 47 making toxicity of these hydroxylated congeners a 

significant concern [84, 115].  Further investigations are necessary to understand the full 

structure-activity relationships between numbers and locations of bromines as well as 

hydroxylation patterns that affect the toxicity of these compounds. 
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CHAPTER FIVE 

Investigation of PBDEs as Potential Initiators of Oxidative Stress in Embryonic Zebrafish 

 

Abstract 

 For years, polybrominated diphenyl ethers (PBDEs) have been of concern due to 

their wide-spread use and potential adverse effects on exposed wildlife.  One primary 

pathway through which PBDEs have been proposed to disrupt normal biological 

functions is through the initiation of oxidative stress.  In this study, four PBDE congeners 

were evaluated for their potential to initiate oxidative stress in zebrafish during early 

development.  Glutathione levels were decreased with the inhibitor, buthionine sulfoxime 

(BSO), and increased with N-acetylcysteine (NAC).  BSO did not increase effects of 

PBDE exposure on behavior.  NAC decreased the rate of PBDE-induced spontaneous 

movement of BDE 28-exposed embryos at 10 and 20 ppm.  The effect of BDE 47 was 

only modulated by NAC at 20 ppm.  Neither NAC nor BSO altered the rates of mortality; 

however, both did increase the rates of curved body malformations in 10 ppm BDE 100-

exposed embryos.  PBDE exposure did not result in cell death when exposed to 10 ppm 

of any congener over five days of evaluation.  At 24 hpf, COX6a was upregulated in 

embryos exposed to BDE 99, and BDE 47 exposure upregulated GSTpi.  GCLc was 

downregulated by all congeners examined at 24 hpf.  At 120 hpf, TRAP1 and COX6a 

were upregulated by all congeners, however GSTpi was downregulated by all congeners.  

According to our data, PBDEs do not strongly induce oxidative stress.  It may be possible 

that oxidative stress only occurs at very high concentrations; however, this does not 

appear to be a primary mechanism of action for the PBDE congeners tested. 
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Introduction 

Polybrominated diphenyl ethers (PBDEs) were widely used as flame retardants for 

use in textiles, electronics, and plastics [120].  As a result, PBDEs are present in the 

environment, from remote ecosystems to human breast milk [10, 121].  Additionally, 

PBDEs have been found to be bioaccumulative and persistent in the environment [122-

124].  In 2004, the European Union banned the production of the penta- and octa-

mixtures [125].  Today, the deca-mixture is currently in use [123]. 

There are several pathways through which PBDEs can interact with biological 

systems.  The primary pathway is through disruption of thyroid hormone homeostasis 

[20, 22]. This is largely due to the structural similarity of PBDEs to thyroid hormones.  

Additionally, PBDEs are metabolized in the body to lower brominated congeners and 

functionalized congeners in which hydroxyl- and methoxy- groups are added to the 

structure.  These metabolites have been shown to exert toxicity at lower concentrations 

than the parent compounds [100, 126].  PBDEs have also been implicated in 

neurotoxicity through the generation of reactive oxygen species (ROS) resulting in 

oxidative stress in cell culture [27, 43, 127]. 

Oxidative stress is a common effect of chemical exposure or disease.  There are 

many detrimental effects of oxidative stress such as lipid peroxidation, depletion of 

glutathione stores, cellular death, and protein damage.  These effects can lead to 

downstream effects such as damage to neurons and neurological function.  PBDE 

induced oxidative stress has primarily been researched using cell culture, although there 

are a few studies that have assessed glutathione depletion in organisms following 

exposure [44, 128]. 
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The purpose of this study was to investigate oxidative stress as a primary 

mechanism of action for PBDEs.  Zebrafish are a commonly accepted model organism 

for human and environmental health risk assessments [129, 130], and have been used for 

unraveling mechanistic pathways of chemical exposure and disease [56]; however this is 

the first time that they have been used in assessment of PBDEs as modulators of 

oxidative stress. In our previous studies, we determined that PBDEs induce adverse 

effects such as mortality, malformations, and altered behavior in zebrafish alterations in 

behavior [84].  In this study we examined oxidative stress as a primary mechanism of 

action of PBDEs resulting in these adverse effects.  We evaluate glutathione (GSH) 

modulation, effects of exposure on cell death in vivo, and alterations in transcription due 

to exposures to PBDEs. 

 

Methods 

 

Chemicals and Materials 

All PBDE standards were purchased from AccuStandard (New Haven, CT) and 

were analytically verified for concentration and purity as described previously [84].  Four 

PBDEs are compared in this study: (BDE 28), 2,2’,4,4’-tetrabromodiphenyl ether (BDE 

47), (BDE 99), and (BDE 100).  Dimethylsulfoxide (DMSO), N-acetylcysteine (NAC), 

Acridine orange, buthionine sulfoximine (BSO), Trizol reagent, chloroform, isopropanol, 

ethanol, and tricaine were purchased from Sigma Aldrich (St. Louis, MO).  The SYBR 

Green RT-PCR kit was purchased from Qiagen (Valencia, CA).  Primers were designed 

using Invitrogen’s Primer Design and were purchased from MWG Operon (Huntsville, 

Alabama). 
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Exposure Protocol  

Adult zebrafish were maintained as previously described [84]. Briefly, the fish 

were maintained at 28°C on a 16:8 light cycle.  Embryos were collected within 2 hours of 

spawning.  Each PBDE congener was dissolved in DMSO.  A maximum of 0.5% DMSO 

was used in exposures and as the control for all studies.  Embryos were enzymatically 

dechorionated and exposed at 6 hours post fertilization (hpf).  Five embryos were placed 

in a single well with 12 wells per concentration.  In co-exposure studies, 50 µM NAC, 

250 µM ascorbic acid, or 10 µM BSO were co-exposed with 10 ppm of each PBDE.  

These concentrations were previously shown to offer protection (NAC and ascorbic acid) 

or increase susceptibility (BSO) of zebrafish embryos to oxidative stress [131].  NAC 

was also co-exposed with 20 ppm for protection at the highest attainable concentration in 

these studies.  Controls for the antioxidant exposures were used for all studies.  Embryos 

were observed daily for malformations, mortality, and changes in behavior.  Spontaneous 

movement was calculated by observing each well for 30 seconds and calculating the 

average number of flexes per minute per embryo for the well. 

 

Cell Death  

Acridine orange was used to detect cell death at 24, 48, 72, 96, and 120 hpf.  

Embryos were exposed as described, then incubated in 5 µM Acridine orange for 1 hr, 

rinsed and imaged using an AxioObserver microscope at 546 nm. 

 

RNA Isolation and Gene Expression Analysis 

RNA was isolated from embryos at 24 hpf or 120 hpf using Trizol reagent and 

followed protocols described previously [132].  Embryos were pooled into groups of 30 
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embryos per sample, with 5 replicates per treatment.  RNA quality and concentration was 

determined using a NanoDrop 1000 Spectrophotometer (Thermo Scientific, Wilmington, 

DE). 

 

Gene Expression 

Real time polymerase chain reaction (RT-PCR) was used to assess changes in 

gene expression between control and treated embryos.  A list of the primer sequences 

used in this study is given in Table 9.  A one-step PCR protocol was used according to 

manufacturer’s instructions for the Rotor-Gene SYBR Green RT-PCR kit on a Rotor-

Gene Q and as previously described [132].  Each sample was normalized to 

glyceraldehyde-3-phosphate dehydrogenase (GAPDH) expression for that particular 

sample, and the fold change was calculated against the expression of control samples. 

 

Table 9.  Primer Sequences 

Gene Forward Primer Sequence Reverse Primer Sequence 

GAPDH GAATTCTGGGATACACGGAG AAAGGGGTCACATCTACTCC 

GCLc CTATCTGGAGAACATGGAGG CATTTTCCTCTGTTGACCGG 

COX6a CAACAAGACGCTCTTCCACA CGAGGTGTGGATAGCACAGA 

GSTpi TTCAGTCCAACGCCATGC ATGAGATCTGATCGCCAACC 

TRAP1 AGGCACCTTCACCATACAGG AAAGCCCACACCAAACTGAC 

HSP70 GACCAAAGACAACAACCTGC ATGTTGAAGGCGTAAGACTCC 

 

 

Statistical Analysis  

The average percent mortality or malformation was taken for each well and 

significance was determined using a two-way analysis of variance (ANOVA) between 

controls, PBDE exposure and PBDE + antioxidant exposure (n=12).  Significance of 

gene expression data was determined using a one-way ANOVA with Dunnett’s test, p < 
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0.05.  All statistical analysis was performed using SigmaPlot (Systat Software, Inc., San 

Jose, CA). 

 

Results 

 

Chemical Alteration of Antioxidant Stores 

Embryos were co-exposed to antioxidants and each PBDE to determine if there 

was a decrease in adverse responses, such as increased spontaneous movement, mortality, 

or malformations.  50 µM NAC was co-exposed each PBDE at a concentration of 

either10 or 20 ppm PBDE.  At 10 ppm, there was not a decrease in spontaneous 

movement, malformations, or mortality, with the exception of BDE 28.  Co-exposure to 

BDE 28 and NAC decreased the rate of spontaneous movement compared to 10 ppm 

BDE 28 alone (p <0.05).  NAC did not alter the rates of spontaneous movement 

compared with controls (Fig. 15).  At 20 ppm, embryos co-exposed to NAC and BDE 28 

or BDE 47 did not have a significant increase in spontaneous movement when compared 

to PBDE alone  treatments (Fig. 15).  In fact, the rate of spontaneous movement of 

embryos co-exposed to NAC and 10 ppm BDE 47 was similar to embryos co-exposed to 

20 ppm BDE 47 (10.7(±0.84) flexes per minute).  At 20 ppm, co-exposure with NAC did 

not alter rates of spontaneous movement of BDE 99 or BDE 100-exposed embryos 

(P>0.05, Fig. 15). 

NAC co-exposure did not alter the rates of PBDE-induced mortality at either 

concentration for any of the congeners tested (data not shown).  Surprisingly, co-

exposure with NAC increased the rates of curved body malformations of BDE 100-

exposed embryos at 144 hpf.  Normally, the curved body malformation does not appear 
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for the BDE 99 and BDE 100-exposed embryos until 168 hpf; however, co-exposure with 

NAC increased the timing of the onset of this malformation.  
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Figure 15.  Spontaneous movement assessment following exposure to (A) 10 ppm PBDE 

or (B) 20 ppm PBDE with and without 50 µM NAC.  Error bars represent (±SEM) and 

(*) indicates statistical significance (p<0.05).  An n=12 was used for all studies. 

 

Conversely, BSO was used to deplete glutathione, thereby increasing the 

sensitivity of the embryos to oxidative stress.  BSO co-exposure did not alter the rate of 

spontaneous movement, when compared to controls.  Similar to NAC co-exposure, 

embryos co-exposed to BSO and PBDEs did not have increased rates of mortality (data 

not shown).  Co-exposure with BSO did increase the rate of curved body malformations 

for BDE 99 and BDE 100-treated embryos at 144 hpf.  The greatest BSO-induced curved 

body increase was on BDE 100-exposed embryos (60% with BSO, 30% without BSO; 

Fig. 16). 

Ascorbic acid (vitamin C) was also used as an antioxidant to counteract any 

potential effects of oxidative stress induced by the PBDEs.  There was no change in 

spontaneous movement, mortality, or malformations for any of the congeners tested (data 

not shown). 
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Figure 16.  The cumulative percent with curved body malformations following exposure 

to 10 ppm PBDE, 10 ppm BDE + NAC, or PBDE + BSO.  Error bars represent (±SEM) 

and (*) indicates statistical significance (p<0.05).  An n=12 was used for all studies. 

 

Alterations in Gene Expression 

 Gene regulation was assessed using RT-PCR on embryos 24 hpf and 120 hpf.  24 

hpf was chosen to coincide with the alteration in spontaneous movement and due to the 

short life of reactive oxygen species.  Glutamate cysteine ligase (GCLc), the rate limiting 

step in glutathione synthesis, was downregulated for all congeners except for BDE 47 

(Fig. 17A).  Cyclooxygenase (COX6a) was significantly upregulated by BDE 99, but not 

by exposure to any of the other congeners (Fig. 17A).  Glutathione-S-transferase (GSTpi) 

was upregulated by BDE 28.  TRAP1 and HSP70 expression were not affected by any 

congener at 24 hpf (Fig. 17A). 

 At 120 hpf, there were some significant alterations in gene expression.  

Expression of HSP70 was not affected by any congener, and GCLc was only slightly 

upregulated by BDE 100 (1.7 fold). COX6a was significantly upregulated by all  
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Figure 17.  qRT-PCR assessment of gene expression following PBDE exposure.  (A) and 

(B) are separated for scaling.  Error bars represent standard deviation, and (*) indicates 

statistical significance (p<0.05).  An n=4 was used for all studies. 

 

congeners (2-5.5 fold; Fig. 17B).    The greatest fold change was induced by BDE 99 (4.7 

fold increase),while BDE 47 had the least induction of COX6a (1.8 fold increase).  

TRAP1 was upregulated the most of any of the genes examined in this study, ranging 

from 5.1- 11.2 fold increase depending on the congener, compared to controls (Fig. 17B).  

Expression of GSTpi at 120 hpf was previously published, and was downregulated at this 

time point [133]. 

 

Cell Death 

Embryos were analyzed daily from 24-120 hpf for cell death using acridine 

orange.  There was no difference in cell death between controls and treatments at any 

concentration, for any congener, at all time points evaluated.  Example images taken at 

120 hpf are shown (Fig. 18).  Embryos were not evaluated after 120 hpf, due to the 

increase in mortality of the animal beginning at 144 and 168 hpf.  With increases in 
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mortality, cell death would also be expected, but would not necessarily be directly related 

to oxidative stress. 

 

 

 

Figure 18.  Representative photos of cell death at 96 hpf of zebrafish following exposure 

to 10 ppm BDE at 6 hpf.  There is not an observable difference between treatments. 

 

Literature Comparison 

 While PBDEs have been widely cited as inducing oxidative stress, the number of 

studies evaluating oxidative stress as a mode of action of PBDEs is fairly limited.  In this 

literature review, we reviewed 21 such studies (Table 10).  Very few PBDE congeners 

have been evaluated for induction of oxidative stress.  BDE 47 has been studied the most, 

followed by BDE 99, BDE 209, and BDE 153 (Fig. 19A).  Few studies have assessed 

oxidative stress induction by BDE 100 or the penta mixture, DE-71. 
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Table 10.  Literature review of studies that assess oxidative stress following exposure to 

PBDEs. 

 

Author 
Cell culture/ 

model 

PBDE 

congener(s) 
OS assay 

Reported 

concentration 

Conc 

(ppm) 

 

 

Citati

on 

Tseng mouse sperm BDE 209 DCFDA 

10, 100, 500 

and 1500 

mg/kg 

500 

mg/kg 
[134] 

Hu Hep G2 cells BDE 209 

DCFDA, NAC co-

exposure, cell 

viability 

1.0–100.0  

mol/L 
10 [135] 

He rat neurons BDE 47 

 DCFH-DA, MDA,  

glutathione 

peroxidase (GSH-Px), 

LDH, apoptosis 

41.2 uM 20.01 [43] 

Shao 

human fetal 

liver stem 

cells 

BDE 47 

DCFH-DA, lipid 

peroxidation, GSH 

co-exposure 

50 uM 24.29 [136] 

Weihong SH-SY5Y BDE 47 
cell viability, ROS 

increased 
4  ug/ml 4 [137] 

Shao trout cells BDE 47 DCFH-DA 50 uM 24.29 [138] 

Giordano 

mouse 

astrocytes 

and neurons 

DE-71 

increase in reactive 

oxygen species and in 

lipid peroxidation, 

alterations in GSH 

and antioxidant levels 

2.2 and 0.3 

uM   
[27] 

Chen rat neurons BDE 209 

 increased the rate of 

apoptosis, expression 

of P38 MAPK, 

calcium ion 

concentration, 

reactive oxygen 

species (ROS) level, 

malondialdehyde 

(MDA) content and 

NO content  

10-30 ug/ml 10-30 [139] 

Tagliaferri 

human 

neuroblastom

a cells 

BDE 47 and 

BDE 99, 

individually 

and mixture 

Carboxy-H2-DCFDA, 

TBARS 

mixed results 

(antagonism, 

synergistic), 

alone: neither 

induced OS  

7.287 [140] 

Zhang rat neurons BDE 209 

carboxy-H2DCFDA, 

cell viability, NAC 

co-exposure 

10 and 30 uM 
10 and 

30 
[141] 

Jin RTG-2 cells 
BDE 47, 

209 

DCFH-DA, apoptosis, 

cyototoxicity 12.5 uM 

6 and 

12  

ppm  

[142] 

(continued) 
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Blanco rat neurons BDE 99 DCFDA 25 uM 14 [143] 

Yan Jurkat cells BDE 47 

DCFDA, apoptosis, 

cell viability, NAC 

co-exposure 

5 uM 2.4 [144] 

An L02 cells BDE 47 
ROS, SOD, GSH, and 

MDA 
5, 10 umol/L 

no 

effect 
[145] 

Fernie 
American 

kestrals 

47, 99, 100, 

153 mixture 

increased hepatic 

GSSG:GSH ratio, a 

marginal increase in 

lipid peroxidation, 

and increased 

oxidized glutathione 

1500 ng/g 

total [Σ] 

PBDEs 
 

[26] 

Cheng rat offspring BDE 99 

SOD, GSH-Px, 

H2O2, LPO, NO, 

ESR 

2 mg/kg/d 
 

[146] 

Alonso adult rat BDE 99 

increase in superoxide 

dismutase (SOD) 

activity, and a 

reduction in 

glutathione reductase 

(GR) activity 

of 0, 0.6 and 

1.2 mg/kg 

0.6 and 

1.2 

mg/kg 

[25] 

Frouin seal cell 
BDE-47, -99 

and -153 

DCFDA, 

phagocytosis, cell 

viability 

12 uM 
 

[147] 

Zhao fish BDE 209 

reduced glutathione 

(GSH), glutathione 

reductase (GR), 

glutathione 

peroxidases (GPx) 

and glutathione S-

transferases (GSTs) 

0.04 uM 0.04 [148] 

Shao trout cells BDE 47 

 NAD(P)H 

autofluorescence, 

apoptosis 

3.2 mu M 1.5 [149] 

 

Of the studies, nearly all were conducted in cell culture where the conditions are 

much more controlled (Figure 19B).  The few whole organism studies were conducted 

using rat or fish models.  Dichlorofluorecein (DCFDA) was used as a fluorescent dye to 

detect ROS in most cell culture studies.  The studies evaluated herein, detected oxidative 

stress at concentrations of 10 ppm and higher.  In whole animal studies, the primary 

measure used was comparing glutathione ratios or measuring GSH depletion (Table 10).  
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Raldua, et al. ran field studies, offering some data from a long-term, low concentration 

exposure, and found evidence of potential oxidative stress from exposures [150]. 

 

 
 

Figure 19.  Comparison of studies conducted on oxidative stress.  (A) Breakdown of 

studies by congener/mixture.  (B) Studies conducted in cell culture, rats, or other 

organisms (primarily fish). 

 

Discussion 

While many studies have reported measurable increases in ROS (as shown in 

Table 10), this study did coincide with a study by An et al., who showed that cells treated 

with BDE 47 did not have increased ROS, or altered GSH, malondialdehyde, or 

superoxide dismutase [145].  Manipulations of antioxidant capacity of embryos did not 

increase or decrease their susceptibility to PBDE exposure.  Likewise, there were very 

little alterations in gene expression at 24 hpf or observable cell death.  The concentration 
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at which oxidative stress studies are typically conducted may be one factor resulting in 

the observance of positive results.  When co-exposed to NAC, the 20 ppm BDE 28 or 

BDE 47 exposure groups had a reduction in the behavioral response as compared to 

PBDE alone.  One explanation for this observance may be that only at very high 

concentrations do PBDEs induce oxidative stress.  In cell culture studies, the 

concentrations at which ROS was detected primarily range from 10-30 ppm [43, 138, 

139, 141].   If the cell or organism is overwhelmed by excessive uptake of a chemical 

resulting in cell death, necrosis would generate free radicals, including ROS.  

The few studies that have evaluated PBDE-induced oxidative stress in vivo have 

assessed the oxidized to reduced ratio of glutathione as the primary indicator [25, 151].  

This method is unsurpassed for analyzing oxidative stress in a whole organism, but due to 

the comparatively low levels of GSSG in embryonic zebrafish, this ratio could not be 

analyzed in this study.  In addition, zebrafish embryos have a high amount of endogenous 

glutathione in the yolk of the embryo offering additional protection from oxidative stress.  

This may be a contributing factor for the lack of oxidative stress observed in the present 

study. 

Interestingly, GSTpi expression was not altered at 24 hpf and was downregulated 

at 120 hpf [152].  In a field study, reduced GST activity, but also found increased 

glutathione peroxidase and glutathione reductase activity with low exposure levels to 

PBDEs (0.04 µM) [148].  Conversely, there was no alteration in transcription of GSTpi in 

liver microsomes of juvenile Atlantic cod [153].  In a previous study, GSTpi was 

significantly upregulated following exposure to a pro-oxidant in zebrafish at 36 hpf 

[131]; however, in this study, alterations were not observed until 120 hpf.  If PBDEs 
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strongly induced oxidative stress, it would be expected that those effects would be 

observed at 24 hpf.   

Structurally, PBDEs do not have features that would be expected to initiate the 

production of ROS.  However, metabolism of PBDEs resulting in hydroxylated PBDEs 

may increase the potential for biological reactivity.  It is possible that the oxidative stress 

detected in previous studies is due to the metabolic formation of these compounds rather 

than due to the presence of PBDEs themselves.  There have been several studies 

modeling the endocrine-disrupting structure-activity relationships of PBDE congeners, 

however, there are no studies evaluating the oxidative potential of the PBDE structure 

[80, 154].  In our previous study, hydroxylated PBDEs strongly induced oxidative stress 

[132].  There are limited data pertaining to the mechanisms and modes of action of OH-

PBDEs, therefore this should be a focus of future research.  Exposure to these congeners 

may be the cause for some of the observed positive oxidative stress results, rather than 

the parent compounds.  Cell death was induced after only 4 hours of exposure to the 

hydroxylated PBDEs, and corresponded to regions of ROS as detected by DCFDA [132].  

Conversely, the parent congeners did not induce cell death at any time between 24 and 

144 hpf.  

In this study, cell death was not observed at any time point.  If oxidative stress 

was a primary pathway, we would expect an increase in cell death at 24 hpf.  Cell death 

could occur due to the chemical exposure itself leading to necrosis, or as a result of 

oxidative stress through lipid peroxidation.  Alternatively, if the cells are damaged, but 

the damage is not significant enough to induce apoptosis, then TRAP1 is used to stabilize 

the proteins in the cell to prevent degradation of the cell until the proteins are repaired 
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[116].  TRAP1 has an opposing interaction with HSP70 (involved in apoptotic signaling), 

which was not upregulated in this study [116].  These results suggest that TRAP1 may be 

protecting the cell undergoing stress from apoptosis.  Interestingly, both COX6 and 

TRAP1 are located in the mitochondria and the transcription of both is disrupted, which 

possibly indicates that PBDE exposure may disrupt mitochondrial function. 

These results highlight the need for further evaluation and understanding of the 

biological interactions of PBDEs, particularly in regards to the induction of oxidative 

stress.  The current understanding of the oxidative potential of PBDEs is limited to 

mostly cell culture assays which may or may not translate to the whole organism.  

Furthermore, it is possible that the oxidative stress that is observed may be due to the 

interaction of hydroxylated metabolites, rather than the PBDEs themselves.   
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CHAPTER SIX 

Thyroid and Neurodisruption in Zebrafish Following PBDE Exposure 

 

Abstract 

 The potential adverse effects of exposure to polybrominated diphenyl ethers 

(PBDEs) have led to the banning and restrictions of most PBDE congeners.  In addition, 

PBDEs are thought to disrupt thyroid hormone homeostasis, which may in part, be the 

cause of the neurodisruption.  In this study, embryonic zebrafish were used to evaluate 

four PBDE congeners: BDEs 28, 47, 99, and 100 for thyroid and neurological disruption.  

Exposure to all congeners, except BDE 28, increased thyroxine (T4) concentrations in 

zebrafish at 120 hours post fertilization (hpf).  Alterations in gene expression were 

evaluated at 120 hpf following exposure to 2.5 or 10 ppm.  Exposure to all PBDE 

congeners induced expression of DIO1 and SLC5r.  There was no change in TSHβ, TTR, 

or PAX8 following exposure, with the exception of 10 ppm BDE 100.  THRAa and 

NKX2.1 were downregulated following exposure to 2.5 ppm BDE 28 and 47, and 10 

ppm BDE 99.  Neurogenin1 was significantly downregulated by all congeners at both 2.5 

and 10 ppm.  Conversely, CHRNA was significantly upregulated by exposure to 10 ppm 

of all congeners tested.  Despite the transcriptional changes, there was no effect on 

acetylcholinesterase activity protein following exposure to any congener.  The results of 

this study demonstrate that PBDEs alter thyroid hormone regulation potentially leading to 

neurodisruption during development.  
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Introduction 

Polybrominated diphenyl ethers (PBDEs) were used from the 1970s until the mid-

late 2000s as flame retardants in a wide variety of consumer products [15].  As a result of 

decades of high volume production and use, PBDEs have become ubiquitous in the 

environment [155-157].  In the last few years, PBDEs have been either banned or 

voluntarily discontinued due to concerns over potential health impacts [15].  

 Rising concentrations of PBDEs in human breast milk have raised concerns 

regarding the potential developmental effects of exposure [10, 11, 94].  PBDEs have been 

associated with altered thyroid hormone homeostasis and altered neurological 

development [20, 42, 158].  Thyroid hormones are structurally similar to PBDEs, leading 

to concerns that PBDEs may cause competitive inhibition.  Studies have reported that 

exposures to BDE 47 and the penta-mixture, DE-71, decrease serum thyroxine (T4) 

levels in rats, fish, and birds [26, 159-161].  Despite decreased levels of T4, none of these 

studies reported alterations in T3 (the active form of thyroid hormone) levels following 

PBDE exposure [26, 45, 162].  Furthermore, PBDEs have been shown to increase 

glucuronidation activity [20, 133, 160].  Thyroid hormones are metabolized and excreted 

via glucuronidation, providing a potential a pathway for the removal of PBDEs. 

 Additionally, several studies have reported alterations in behavior following 

neonatal exposure [162, 163].  Mice exposed in utero to BDEs 99 or 153 exhibited 

decreased learning and memory, decreased nicotinic and muscarinic receptors in the 

brain, and altered spontaneous movement [18, 42, 164].  Furthermore, alterations in 

calcium uptake in cells has been reported as a mechanism through which neurological 

function is disrupted, which may lead to alterations in behavior at the organism level 
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[100, 165].  Alterations in behavior and neurodevelopment may also be due to disruption 

of thyroid hormone homeostasis due to the critical role thyroid hormones play in the 

development of the cholinergic system.  

 In our previous studies, we reported PBDEs alter spontaneous movement and 

swimming behavior in embryonic zebrafish [84].  To expand our previous work, we 

evaluated four PBDE congeners for thyroid and alterations in transcription of 

neurologically relevant genes during development.  BDEs 47, 99, and 100 were chosen 

due to the adverse effects previously reported, because they are the primary components 

of DE-71, and are of environmental significance [36, 166, 167].  Many studies have been 

conducted on rats, but this is the first study to look at the thyroid and neurodevelopmental 

effects of multiple PBDE congeners in a fish species.  Zebrafish are commonly used for 

environmental and human health risk assessment and as a tier one screening assessment 

model organism.  Zebrafish have a sequenced genome which are beneficial as genetic 

models and are translucent during embryogenesis, allowing for observation of 

organogenesis in vivo.  Additionally, behavioral assessments in zebrafish are becoming 

more common and standardized [59, 168-170].  

 

Methods 

Chemicals and Materials 

Four PBDE standards were purchased from AccuStandard (New Haven, CT) and 

were analytically verified for concentration and purity as described previously [84].  Four 

PBDEs are compared in this study: (BDE 28), 2,2’,4,4’-tetrabromodiphenyl ether (BDE 

47), 2,2’,4,4’,5-pentabromodiphenyl ether (BDE 99), and 2,2’,4,4’,6-pentabromodiphenyl 

ether (BDE 100).  Dimethylsulfoxide (DMSO), propylthiouracil (PTU), Trizol reagent, 
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chloroform, isopropanol, ethanol, 5,5’-dithiobis(2-nitrobenzoic acid) (DTNB), 

acetylthiocholine iodide (ACTI), 1,5-bis(4-allyldimethylammoniumphenyl)pentan-3-one 

dibromide, and tricaine were purchased from Sigma Aldrich (St. Louis, MO).  The SYBR 

Green RT-PCR kit was purchased from Qiagen (Valencia, CA).  Primers were designed 

using Invitrogen’s Primer Design and were purchased from MWG Operon (Huntsville, 

Alabama). 

 

Exposure Protocol  

Adult zebrafish were maintained as previously described [84].  Embryos were 

dechorionated and exposed as previously described [84].  Each PBDE congener was 

dissolved in DMSO with a maximum of 0.5% DMSO for all in exposures, with a 0.5% 

DMSO control.  Experimentation to determine concentration ranges for PTU were 

completed.  It was determined that 100 µM PTU was 10-fold below the observable 

effects level (data not shown).  Embryos were co-exposed to 100 µM PTU with a 

concentration gradient of BDE 47 (0.625, 2.5, 5.0, 10, and 20 ppm).  Solvent controls and 

PTU controls were used to ensure that PTU did not alter spontaneous movement or 

induce malformations or mortality.  Embryos were observed daily for malformations, 

mortality, and changes in behavior.  Spontaneous movement was calculated by observing 

each well for 30 seconds and calculating the average number of flexes per minute per 

embryo for the well. 

 

T4 Concentration Analysis 

Embryos were exposed to either 2.5 or 10 ppm of each PBDE congener from 6-

120 hpf.  At 120 hpf, the embryos were euthanized and the protein extracted.  Protein 
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concentration was measured using a NanoDrop 1000 Spectrophotometer (Thermo 

Scientific, Wilmington, DE).  A fish thyroxine, T4 enzyme-linked immunoassay (ELISA) 

kit was purchased from Novatein Biosciences (Cambridge, MA) and protocols followed 

manufacturer’s instructions.  Briefly, samples were diluted to 1 mg/ml in ddH2O and 50 

µl of each diluted sample or standard was added to strip wells, with 2 replicates per 

sample.  The plate was incubated 30 min at 37°C, and rinsed with washing solution.  The 

HRP-conjugated antibody was added to each well and mixed by shaking.  The plate was 

then incubated another 30 min at 37°C and rinsed.  Substrates A and B were added to 

each well, mixed gently, and incubated 15 min at 37°C, turning the solution blue in color.  

The stop solution was added, turning the blue solution to yellow, and the optical density 

was measured at 450 nm on a Beckman Coulter DTX880 plate reader. 

 

RNA Isolation and Gene Expression Analysis 

RNA was isolated from embryos at 24 hpf or 120 hpf using Trizol reagent and 

followed protocols described previously [152].  Embryos were pooled into groups of 30 

embryos per sample, with 5 replicates per treatment.  RNA quality and concentration was 

determined using a NanoDrop 1000 Spectrophotometer. 

 

Gene Expression 

 Real time polymerase chain reaction (RT-PCR) was used to assess changes in 

gene expression between control and treated embryos.  A list of the primer sequences 

used in this study is given in Table 11.  A one-step PCR protocol was used according to 

manufacturer’s instructions for the Rotor-Gene SYBR Green RT-PCR kit on a Rotor-

Gene Q, followed by melt curve analysis.  Samples were normalized to glyceraldehyde-3-
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phosphate dehydrogenase (GAPDH) expression for that particular sample, and the fold 

change was calculated against the expression of control samples. 

 

Acetylcholinesterase Assay 

Cholinesterase measurements were conducted on zebrafish exposed to PBDEs at 

6 hpf and measured at 120 hpf.  Briefly, the embryos were pooled into groups of 30 and 

homogenized.  The homogenate was centrifuged at 16,000 x g for 10 min at 4°C.  The 

supernatant was collected and store at -80°C until analysis.  The tissue extracts were 

incubated in 10 mM PBS containing 0.7 mM DTNB for 15 min at 25°C.  The samples 

were vortexed with 3 mM acetylthiocholine iodide (ACTI) and transferred to a 96 well 

microtiter plate.  Cholinestesterase enzymatic activities were determined using a 

Beckman Coulter DTX880 plate reader at an absorbance of 405 nm.  Each sample was 

assayed three times in separate wells and averaged for a single value.  The process was 

repeated using the acetylcholinesterase (AChE) inhibitor, 1,5-bis(4-

allyldimethylammoniumphenyl)pentan-3-one dibromide, during the incubation with 

DTNB to distinguish between the different cholinesterases that might be present in the 

zebrafish tissue. 

 

Statistical Analysis  

The average percent mortality or malformation was taken for each well and 

significance was determined using a two-way analysis of variance (ANOVA) between 

controls, PBDE exposure and PBDE + PTU exposure (n=12).  Significance of gene 

expression data was determined using a one-way ANOVA with Dunnett’s test, p < 0.05.  
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All statistical analysis was performed using SigmaPlot (Systat Software, Inc., San Jose, 

CA). 

 

Table 11.  Primer sequences for qRT-PCR. 
 

Gene Forward Primer Reverse Primer 

GADPH GAATTCTGGGATACACGGAG AAAGGGGTCACATCTACTCC 

DEIO1 CTGTGGTGGTGGATGAGATG TCGAACCTCTTCAGGCTTGT 

DEIO2 AATGCCAACATAGCCTACGG TAGCACTTCTCCAGCCACCT 

THRAa CAATGTACCATTTCGCGTTG GCTCCTGCTCTGTGTTTTCC 

THRBa CGACGCACAATTCAGAAGAA GCCTCTGTGACAACCCGTAT 

TTR CGGGTGGAGTTTGACACTTT AAAGGGCTCAGAAGGAGAGC 

PAX8 GAAGATCGCGGAGTACAAGC CTGCACTTTAGTGCGGATGA 

NKX2.1 AGGACGGTAAACCGTGTCAG CACCATGCTGCTCGTGTACT 

TSHβ ATTGTTCAGAGGGGATGCAC CCAATATGCTTGGGCGTAGT 

SLC5r GGTGGCATGAAGGCTGTAAT GATACGGGATCCATTGTTGG 

neurogenin1 GAAGCAGGGCAAGTCAAGAG ACGTCGGTTTGCAAGTATCC 

CHRNA ACGTCCAGAGCCTGAAAAGA GGAGAGGAGATGGATGTGGA 

DRD2 ACATCTTCGTCACCCTGGAC CGCAATCACACAGAGAGCAT 

MYH6 TGACGCCAGAAGGAAAGAGT CCTCAATTCTCTCCGACAGC 

CRH TTCGGGAAGTAACCACAAGC CTGCACTCTATTCGCCTTCC 

 
 

Results 

 

Alteration of Circulating Thyroid Hormone Levels 

 PTU inhibits the enzymatic activity of tetraiodothyronine 5’-deiodinase, thus 

decreasing the amount of the active form of circulating thyroid hormone.  For this study, 

only BDE 47 was used as an example because it induced the greatest increase in 

spontaneous movement across a concentration gradient for all PBDEs previously tested 

[84].  Spontaneous movement is an inherent behavior of zebrafish starting around 18 hpf 

and continuing until around 28 hpf.  It is characterized as a random bending and flexing 

of the embryo.  Co-exposure with BDE 47 and PTU increased the effects of BDE 47 
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alone on spontaneous movement (Fig. 20).  PTU did not alter rates of malformations or 

mortality compared to BDE 47 alone (data not shown) [84].   
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Figure 20. Depletion of thyroid hormone through co-exposure with PTU.  Error bars 

represent (±SEM) and (*) indicates statistical significance (p<0.05).  An n=12 was used 

for all studies. 

 

Alterations in T4 Concentration 

 Measurement of thyroxine (T4) concentrations in the embryos following exposure 

until 120 hpf gave varying results for each congener tested.  BDE 28 did not alter T4 

concentrations at either treatment level (2.5 and 10 ppm; Fig. 21).  In contrast, BDE 47 

significantly decreased T4 levels at 2.5 ppm, but not at 10 ppm exposure treatments.  In 

addition, BDE 99 increased T4 concentrations at both concentrations, and BDE 100 only 

increased T4 concentrations at 10 ppm (Fig. 21).  
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Figure 21.  Thyroid hormone concentration at 120 hpf, following exposure at 6 hpf to 

different PBDEs.  Error bars represent (±SEM) and (*) indicates statistical significance 

compared to controls (p<0.05).  An n=12 was used for all studies. 
 

Alterations in Gene Expression 

 Alterations in gene expression were assessed for thyroid and neurodisruptive 

effects of PBDEs.  Embryos were assessed at 120 hpf to correspond to the temporal T4 

concentration needed to establish uptake and metabolism [133].  Deiodinase (DIO) I was 

upregulated by all congeners at 2.5 ppm and by BDEs 28 and 47 at 10 ppm (Fig. 22A).  

DIO2 was only upregulated when embryos were exposed to BDE 28 or 47 at 10 ppm 

(Fig. 22B).  The 10 ppm results have been previously reported [133], and together, these 

results indicate that the effect is concentration and congener dependent.  

Two thyroid receptors were also investigated for alterations in expression: thyroid 

hormone receptor alpha (THRAa) and thyroid hormone receptor beta (THRBa).  THRAa 
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was downregulated in embryos exposed to 10 ppm BDE 99 and BDE 100; however BDE 

100 upregulated THRBa at 10 ppm (Fig. 22A).  Exposure to 2.5 ppm BDE 28 

downregulated expression of both receptors; however at 10 ppm BDE 28, THRBa was 

significantly upregulated (Fig. 22B).  Alteration of transcription of the thyroid receptors 

was congener- and concentration-specific. 

Neither transthyretin nor pax8 were significantly affected at any concentration by 

most congeners, except both genes were significantly downregulated in embryos exposed 

to 10 ppm BDE 100 only (Fig 22E, F).  Transthyretin is a protein that carries T4 in the 

blood.  PAX8 is involved in the development of thyroid follicular cells and later the 

organogenesis of the kidneys.  Furthermore, transcription of TSHβ was not affected by 

exposure to any congener at either concentration (data not shown). 

Thyroid transcription factor, also known as NKX2.1, was significantly 

downregulated in several treatments (Fig. 22G).  NKX2.1 was significantly 

downregulated by exposure to 2.5 ppm BDE 28 and BDE 47.  At 10 ppm, exposure to 

BDE 47 and 99 significantly downregulated expression (Fig. 22G). 

The sodium iodide symporter (NIS) mediates the uptake of iodine into thyroid 

follicles, which is the first step in thyroid hormone synthesis.  There was no alteration in 

gene expression (SLC5r) following exposure 2.5 ppm of any congener (Fig. 22H).  

However, 10 ppm exposures to all congeners induced a significant fold increase of SLC5r 

(36-110 fold).  BDE 100 had the greatest fold induction when comparing all congeners 

tested (110 fold compared to controls).  

Due to the behavioral changes that PBDEs have been shown to induce, we also 

evaluated several genes involved in neurogenesis and muscle development.   
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Figure 22.  Alterations in gene expression of following exposure to 10 ppm PBDEs at 

120 hpf.  Error bars represent standard deviation, and (*) indicates statistical significance 

compared to controls (p<0.05).  An n=4 was used for all studies. 
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Of the genes assessed, only neurogenin1 and neuronal acetylcholine receptor subunit 

alpha-2 (CHRNA) expression was altered (Table 12).  Expression of genes associated 

with the dopamine receptor, myosin, and corticotropin-releasing hormone were not 

affected, even at 10 ppm, by any congener. 

 

Table 12.  Alterations in gene expression at 120 hpf following exposure at 6 hpf.  

(±standard deviation), and (*) indicates statistical significance (p<0.05).  An n=4 was 

used for all studies. 
 

 

neurogen1 chrna2 

 

drd2 

 

myh6 crh 

Control 1.000 (±0.11) 

 

1.021 (±0.29) 

 

1.000 (±0.41) 

 

1.000 (±0.24) 1.000 (±0.45) 

BDE 28 0.567 (±0.21)* 

 

16.687 (±4.45)* 

 

1.223 (±0.42) 

 

1.379 (±0.58) 0.710 (±0.03) 

BDE 47 0.388 (± 0.01)*  4.986 (±0.71)* 

 

0.565 (±0.17) 

 

0.657 (±0.26) 0.835 (±0.15) 

BDE 99 0.260 (±0.09)* 

 

2.918 (±1.21)* 

 

0.893 (±0.12) 

 

1.123 (±1.24) 0.847 (±0.16) 

BDE 100 0.448 (±0.04)* 

 

1.314 (±0.24) 

 

1.374 (±0.40) 

 

1.044 (±0.186) 0.754 (±0.33) 

  

 

Acetylcholinesterase Inhibition by PBDE exposure 

 Acetylcholinesterase activity was measured in zebrafish at 120 hpf following 

exposure to PBDEs.  None of the congeners altered AChE activity at 10 ppm (Fig. 23).  

We concluded that alterations in behavior are not due to activation or inhibition of this 

enzyme in zebrafish. 

Discussion 

The results of this study demonstrate thyroid hormone homeostasis is disrupted following 

PBDE exposure.  Furthermore, co-exposure with the thyroid inhibitor, PTU, enhanced 

behavioral changes (spontaneous movements) in zebrafish.  Together, these results 

indicate that PBDEs alter thyroid hormones and potentially play a role in the early 

spontaneous movement behavior of fish.  In addition, these results indicate that 

neurogenesis may be disrupted due to the significantly decreased expression of 

neurogenin1.   
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Figure 23.  Analysis of acetylcholinesterase activity following exposure to PBDEs (6-120 

hpf).  Error bars represent standard deviation, and (*) indicates statistical significance 

(p<0.05).  An n=4 was used for all studies. 
 
 

Translation of neurogenin1 is essential for generation of sensory ganglion [171] and 

further investigation is necessary to assess the formation of neurons in vivo. However, the 

decrease in transcription of neurogenin1 may indicate the neurons may not be fully 

developed which may alter behavior. 

In the present study, DIO1 and DIO2 were significantly increased, which was also 

observed in 14 dpf zebrafish exposed to BDE 209 [172].  Most studies assessing the roles 

of deiodinase activity have focused on the ability for deiodinases to debrominate PBDEs 

[28, 172].  Due to the similar structure of PBDEs and thyroid hormones, the hypothesis is 

that PBDEs are metabolically debrominated via deiodinase activity [28, 48, 106].  From 

our previous research, we found increases in deiodinase activity in most congeners, 

except the congener with the greatest amount of debromination following exposure (BDE 
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153) [133].  However, in other studies, PBDE exposure results in a decrease in T4 

concentrations, but no change in T3 concentrations [173] .  The increase in deiodinase 

activity may be due to specific activity on T4 to maintain homeostasis of T3, the active 

thyroid hormone.  

There are three proteins that bind thyroid hormones: transthyretin, thyroid binding 

globulin, and albumin [174].  Transthyretin is particularly important for the development 

of the brain, although it is also expressed in other tissues as well [174].  With the 

exception of 10 ppm BDE 100, expression of TTR was not affected, indicating that there 

was no increased binding of thyroid hormones. This was also observed by Chen et al. 

2010 in adult zebrafish [52].  In other studies, TTR was downregulated by 10 ppm DE-

71, BDE 209, and BDE 47 [53, 172, 175].  

Thyroid stimulating hormone (TSH) signals for the synthesis of thyroxine.  In the 

present study, TSHβ expression was not altered following exposure to any of the 

congeners at either concentration.  This is somewhat contrary to what has been reported 

from other studies; mixed effects with this expression such that it was upregulated by 

BDE 209 and DE-71 and downregulated by BDE 47 [52, 53, 172].  Results of gene 

expression and regulation are inconsistent therefore further studies of the alterations in 

protein concentrations are needed.  

Similar to TSHβ, there are inconsistent results pertaining to the expression two 

thyroid hormone receptors, alpha and beta.  THRAa was downregulated, but 

downregulation was concentration-congener-dependent.  This may be dose dependent, as 

BDE 28 and 47 were previously shown to have a greater rate of uptake in zebrafish at 

120 hpf than BDE 99 and 100 [133].  THRBa was only downregulated by 2.5 ppm BDE 
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28 and 10 ppm BDE 47, with significant increases in expression following exposure to 10 

ppm BDE 28 and 10 ppm BDE 100.  These results are inconsistent comparing congeners, 

however the results from other studies have also reported similar expression 

phenomenon.  Chan (2012) reported an increase in expression of THRA and a decrease in 

expression of THRB in zebrafish larvae following exposure to BDE 47 [175].  The 

discrepancies in results make it difficult to determine the effect of PBDEs on thyroid 

hormone receptors.  It is possible that it is concentration (as reported in this study) or may 

be species dependent and necessitates further investigation. 

 The NIS is a transmembrane glycoprotein that transports sodium cations for 

iodide anions.  NIS-mediated uptake of iodide into the thyroid gland is the first step in the 

synthesis in thyroid hormone.  While SCL5r expression was greatly upregulated 

following exposure to 10 ppm of all congeners, there was not a significant change in 

regulation following exposure to 2.5 ppm. However the concentration increase induced 

up to a 100 fold increase in mRNA expression.  Other studies have also reported 

significant upregulation of SLC5r and other NIS genes [53, 172]. Stating this 

upregulation could increase the amount of thyroid hormone being produced, since there is 

more iodine available in the cells for synthesis.  This would agree with our study where 

we observed an increase in total T4. 

 To date, most research indicates plasma T4 levels are decreased whereas T3 

levels are not altered with increased PBDE exposure levels[21, 53, 172, 176].  Low 

circulating thyroid hormone concentrations have been reported in men who eat a lot of 

sport fish, which have higher concentrations of PBDEs and other contaminants due to the 

bioaccumulative properties of PBDEs [177].  Conversely, there has not been a strong 
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correlation between T4 levels and PBDE concentrations in pregnant women who 

accumulated PBDEs from environmental exposures [107, 178].  In this study, however, 

there was an increase in T4, with the exception of the 2.5 ppm BDE 47 exposure group.  

One possible explanation for the differences in our results is that total T4 was measured 

in the entire organism, not only the circulating plasma concentrations.  Given that there is 

an increase in SLC5r, it is possible that the zebrafish were increasing synthesis of T4 

which would lead to higher levels as well.  A study by Chen et al. (2012)  also had a 

decrease in T4, but reported an increase in T3 [52].  Differences in those data suggest that 

although thyroid hormone homeostasis is being disrupted, the results may be dependent 

on the timing of exposure, with respect to development stage, measurement method, and 

may be species-dependent.  

 One of the greatest concerns with thyroid disruption is the downstream effect on 

neurological development.  Previously, we found alterations in swimming behavior 

following exposure, ranging from hyperactivity to lack of swimming [84].  Similar results 

of altered locomotion have been reported in mammalian studies [18, 179].  In the present 

study, co-exposure with the T3-inhibitor, PTU, increased the rate of PBDE-increased 

spontaneous movement, but did not affect other downstream effects.  This study 

demonstrates that alteration of thyroid hormones during early stages of development 

alters behavior.    

 During this study, there were alterations in gene expression of two important 

neurological genes: neurogenin1 and CHRNA.  Neurogenin1 is essential for the 

generation of sensory ganglion [171].  A significant downregulation of neurogenin1 

could lead to decreased neuron differentiation and growth.  Conversely, there was an 
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increase in expression of CHRNA, the nicotinic cholinergic receptor.  This could imply 

there is an increase in the number of cholinergic receptors; however protein analysis is 

necessary to confirm this theory.  Attempts were made to analyze this response using 

immunohistochemistry, but no clear signal was evident (data not shown).  Mammalian 

studies found a decrease in cholinergic nicotinic receptor density in hippocampal neurons 

[18, 42].  Increased expression would suggest that there should be an increase in receptor 

density.  This also does not coincide with the decrease in neurogenin.  Further analysis is 

necessary; however, it is clear there is a correlation between PBDE exposure, thyroid 

hormone homeostasis and neurodevelopment.  It is also important to note that there was 

not a significant change in expression of the dopamine receptor, although further 

assessment of dopamine receptor density and receptor binding would give greater insight 

into whether or not PBDEs interact with this pathway.    

 Several pesticides inhibit acetylcholinesterase thereby inducing adverse 

neurological effects.  To our knowledge, this is the first study examining the AChE 

activity of an organism following exposure to PBDEs.  There was no difference in AChE 

activity between controls and any of the treatment groups.  These results not only 

demonstrate that PBDEs do not induce AChE inhibition, but that the relative 

concentrations of AChE are the same between control and treated animals.  This may also 

imply that there was not a difference in cholinergic receptors in larval zebrafish following 

exposure due to the similar enzymatic activity rates. 

 Further investigation into thyroid hormone disruption is necessary for conclusive 

results.  Investigation into acetylcholine receptor density and neuronal growth following 

PBDE exposure could be done in vivo with zebrafish embryos due to their translucency 
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during early stages of development.  Furthermore, the T3 concentrations in zebrafish 

following exposure to PBDEs should be evaluated in addition to the T4 concentrations.  

While alteration of T4 levels is cause for concern and could indicate additional 

disruptions, the active thyroid hormone is T3.  

 Overall, this study demonstrates that PBDEs disrupt thyroid hormone homeostasis 

and neurodevelopment.  The results in the present study culminate to indicate that many 

different factors work together to obtain homeostasis and that PBDE exposure disrupts 

this process.  Furthermore, disruption of thyroid hormone activity may also be the cause 

of the neurodevelopmental aberrations.  Further investigation is necessary to examine 

how, mechanistically, the alteration of thyroid hormone levels during neurogenesis alter 

the development of the cholinergic system.  
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CHAPTER SEVEN 

Conclusions 

 

 These studies demonstrate that PBDEs, while similar in structure, differ greatly in 

toxicity and bioavailability.  They also demonstrate that toxicity is often driven by 

bioavailability; however congeners that are less bioavailable may have increased 

biological interactions based on chemical structure.  For example, BDE 99 and 100 have 

similar log Kow values, and similar rates of malformation and mortality, but differed when 

comparing alterations in transcription and protein levels.  Furthermore, when rate of 

uptake was compared to toxicity, BDE 100 was an outlier in the given data set.  While 

there is concern that PBDEs debrominate to more toxic congeners (i.e. BDE 47), our 

studies have demonstrated that BDE 47 (and BDE 28) are more bioavailable, but that 

more highly brominated congeners alter gene expression at lower doses than the lower 

brominated congeners. 

 In order to address the toxicity versus bioavailability issue in toxicology studies, 

two methods were developed to rapidly assess the water concentrations and the tissue 

concentrations in exposure solutions.  The water method involves using only 10 µl of 

PBDE exposure water directly into a GC vial with sodium sulfate.  This amount can be 

increased to as much as 50 µl.  This is the most simplified method of assessment 

currently published for analyzing water concentrations.  Furthermore, it can also be used 

on cell culture media (data not shown).  The tissue method was a simplified version of 

the method suggested by Isaacson et al. [180].  In this method, only a simplified hexane 

extraction was conducted using less than 1 ml of hexane per sample.  These methods 
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decrease toxic waste, time, and cost of analysis.  In addition, they provide a greater 

understanding of the toxicity of the materials being assessed and a platform for 

comparing relative toxicities based on dose, rather than concentration, across different 

studies with different exposure scenarios and species. 

 One of the key concepts to come from this study is the investigation of the 

metabolites as toxicants.  In Chapter Three, we demonstrated that the PBDEs undergo 

debromination as well as induce transcription of genes involved in phase I and phase II 

metabolism.  During phase I metabolism, a common pathway of detoxification is through 

the addition of a hydroxyl group.  While our labs are still in the process of developing 

methods for detecting hydroxylated PBDEs, other studies have demonstrated that PBDEs 

can be hydroxylated as metabolic products [31, 105].  In this study, we investigated the 

toxicity of the hydroxylated metabolites.  Depending on the location of the hydroxyl 

group, these compounds induced adverse effects at much lower concentrations than the 

parent compound, induce oxidative stress, cell death, and delayed development.  While 

the toxicity of PBDEs is of concern, the metabolites of the parent compounds pose a 

greater hazard. 

 Finally, several mechanisms/modes of action were investigated in this study.  

Despite previous reports of PBDE-induced oxidative stress, there was limited evidence of 

oxidative stress following exposure [43, 142].  It is possible that oxidative stress is an 

effect only at very high concentrations or as a result of metabolite interaction.  Another 

mechanism of action that was investigated was the disruption of thyroid hormone 

homeostasis.  There was alteration in transcription of thyroid-related genes and 

alterations in thyroxine concentrations following exposure.  Additionally, alterations in 
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behavior were identified and characterized following exposure.  The observed alterations 

in behavior may be due to the alterations in thyroid hormones during early development, 

or through another mechanism of action other than oxidative stress.   

Further studies are necessary to elucidate the molecular interactions leading to 

effects on the whole animal and behavior.  As with PCBs, dioxins, and PAHs, PBDEs 

will continue to be studied for years to come.  The unique structure-activity relationships 

are starting to be further investigated as well as the toxicity of the metabolites of these 

compounds.  One of the strengths of this study is the identification that there are 

differences in biological responses with slight alterations in chemical structure.  Further 

studies will continue to evaluate these specific biological interactions to determine 

specific structure-activity relationships of PBDEs and their metabolites. 

 The studies presented here improved upon the literature and known information 

about PBDE mode/mechanisms of action, metabolites, and resulting toxicities.  With the 

banning and/or phasing out of PBDEs, new compounds with new and unknown 

interactions are being produced and used in their place.  A brief examination of several 

non-PBDE brominated flame retardants (BFRs) was investigated and presented in 

Appendix B.  One of the chemicals tested was hexabromocyclododecane (HBCD).  

HBCD is a compound that was widely used, yet was one of the first six chemicals to be 

banned under the European Union’s Registration, Evaluation, Authorisation and 

Restriction of Chemical substances (REACH) program [181].  More compounds are 

being used and developed for flame retardant purposes, with little knowledge of how they 

will affect human health or the environment.  Moving forward into the future, improved 

methods of detection, toxicity evaluation, and standardization are assisting to decrease 
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the time and risk associated with exposure.  The building of databases that assimilate 

structure-activity relationships may prove to be useful in predictive precautionary 

toxicology as a first-tier approach to reduce time and cost of hazard assessment.  It is 

with hope that we look to the future, learning from the past cycles of chemical 

development, distribution, analysis, assessment, and finally regulation, to improved 

protection of the environment and human health.   
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APPENDIX A 

Uptake and metabolism of individual PBDE congeners by embryonic zebrafish  

This chapter is in submission as: Usenko CY, Robinson EM, Bruce ED, and Usenko S. 

2011.  Uptake and metabolism of individual PBDE congeners by embryonic zebrafish to  

Environ. Sci. Technol. 
 

Supporting Information 

 

 

 

Figure A.1.  Chemical structures of primary congeners investigated for uptake and 

metabolism.  
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Figure A.2.  BDE 47 and metabolites at 24 (upper) and 120 (lower) hpf.  BDE 47 uptake 

was quantified at 24 and 120 hpf.  At 24 hpf, BDE 28 was the only confirmed metabolite.  

BDE 17 was identified at 24 hpf, but was also present at a similar abundance in stock 

solutions.  At 120 hpf, BDE 17 and 28 metabolites were confirmed at retention times 13.7 

and 14.1 minutes, respectively. 
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Figure A.3.  BDE 99 and metabolites at 24 (upper) and 120 (lower) hpf.  BDE 99 uptake 

was quantified at 24 and 120 hpf.  At 24 and 120 hpf, BDE 47 was confirmed as a 

metabolite. 
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Figure A.4.  BDE 100 and metabolites at 120 hpf.  BDE 100 uptake was quantified at 24 

and 120 hpf.  At 120 hpf, a peak was confirmed at 19.5 minutes.  No metabolites were 

confirmed at 24 hpf. 

 

Figure A.5.  BDE 183 and metabolites at 120 hpf.  BDE 183 uptake was present at 120 

hpf.  Metabolite BDE 154 was confirmed at 120 hpf.  No metabolites were identified at 

24 hpf. 
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APPENDIX B 

Firemaster Data 

 

 

 

Figure B.1.  Chemical structures of non-PBDE brominated flame retardants. 
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Table B.1.  Summary of effects of exposure to non-PBDE brominated flame retardants 

also tested in zebrafish.  Exposure protocol followed that of Chapter Two. 
 

Chemical Abbreviation Log P LC50 
(ppm) 

EC50 
(ppm)* 

Tetrabromobisphenol A  TBBPA 7.46 2.8 3.8 (PE) 

4,4'-isopropylidenebis[2-(2,6-

dibromophenoxy)ethanol] 

TBBPA-OHEE 6.96 3.6 5.0 (PE) 

Hexabromocyclododecane HBCD 7.47 >20 5.0 (CB) 

Tetrabromophthalic anhydride PHT4 4.75 18 18 (M) 

Pentabromochlorocyclohexane FR-651 4.86 13.3 13.3 (M) 

Dibromoneopentyl glycol DBNG 2.14 >20 NA 

Hexabromobenzene HxBrBnze 7.01 10.8 10.8 (M) 

bis(2-ethylhexyl) 

tetrabromophthalate 

TBPH 10.77 >50 NA 

2-ethylhexyl-2,3,4,5-

tetrabromobenzoate 

TBB 8.06 50 NA 

 

PE = pericardial edema 

CB = curved body axis 

M = mortality 
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Figure B.2.  Spontaneous movement assessment of brominated flame retardants (BFRs).  

TBBPA and TBBPA-OHEE significantly decreased rate of spontaneous movement in a 

concentration-dependent manner, whereas HBCD increased the rate of spontaneous 

movement in a concentration-dependent manner.  Statistical significance is noted by (*) 

where p < 0.05. 
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Figure B.3.  Mortality over a concentration gradient for exposures to non-PBDE flame 

retardants.  Statistical significance is noted by (*) where p < 0.05. 
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Figure B.4.  Malformations induced by BFRs in zebrafish.  BFRs that are not listed did 

not induce malformations.  (A)  Pericardial edema induced by exposure, (B) curved body 

axis (similar to PBDEs), and (C) fin malformation.  Statistical significance is noted by (*) 

where p < 0.05.  
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